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ABSTRACT 
 
LaManna, Joseph, Ph.D., August 2015    Wildlife Biology 
 
Predation risk and vegetation impacts on avian diversity, species turnover, reproduction, 
and fitness 
 
Chairperson:  Thomas E. Martin 
 
  Vegetation is the habitat that underlies animal distributions.  Yet mechanisms by which 
dynamic changes in vegetation affect animal fitness, distributions, and communities 
remain unclear.  For example, animal richness and species composition often change with 
decreased forest structural complexity associated with anthropogenic disturbance, but 
differences in latitude and vegetation effects on reproductive success may influence 
species responses to vegetation changes.  My global meta-analysis of logging effects on 
bird communities revealed substantial species loss in tropical but not temperate forests.  
This suggests tropical birds exhibit greater habitat specialization than their temperate 
relatives.   
   My meta-analysis also suggested that changes in reproductive success can influence 
how animals distribute themselves in response to vegetation change.  I examined this 
hypothesis with an in-depth observational study and landscape-scale experiment.  Habitat 
use and nest predation rates were examined for 16 bird species that breeding along a 
deciduous to coniferous vegetation gradient and with experimental conifer removal from 
aspen stands.  For most bird species, decreasing abundance was associated with 
increasing predation risk along both natural and experimentally modified vegetation 
gradients.  This landscape-scale approach strongly supports the idea that vegetation-
mediated effects of predation risk are associated with animal distributions and species 
turnover. 
   While direct predation mortality clearly has effects on animal population dynamics, the 
risk of predation alone may have equally large effects on reproduction and, ultimately, 
fitness.  Yet the severity and generality of such demographic ‘costs of fear’ is unknown 
across species.  I tested phenotypic responses to risk and associated demographic costs 
for 10 songbird species breeding along natural nest predation gradients and by 
experimentally increasing risk for four species.  Parents decreased offspring development 
periods, reducing time-dependent nest mortality with natural and experimental increases 
in risk.  Reproductive output from nests in the absence of direct predation generally 
declined along risk gradients, but the severity of this cost varied across species.  
Ultimately, demographic costs of fear reduced fitness across bird species, but not as 
strongly as direct predation mortality.  These landscape and experimental tests suggest 
that vegetation affects the perceived risk of predation, and thereby strongly influences 
avian behaviors, fitness, distributions, and community assembly. 
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PREFACE 
Vegetation provides the habitat that underlies many animal distributions.  Yet the specific 
mechanisms by which changes in vegetation affect animal fitness, distributions, and 
communities remain unclear.  For example, changes in vegetation may alter fitness (i.e., 
reproduction and survival) sufficiently enough that animal species evolve preferences for 
habitat associated with high fitness (Fretwell and Lucas 1969, Pulliam 2000).  These 
population processes may then scale up to influence changes in animal species richness 
and species turnover along vegetation gradients.  But whether vegetation-mediated 
effects of predation on fitness are substantial enough to influence distributions and traits 
of animal species remains unknown.  Alternatively, vegetation may influence predation 
risk, but impacts on fitness may not be strong or predictable enough to affect the 
behaviors, distributions, and species composition of animal species.  Thus, the 
mechanisms by which vegetation influences animal fitness, behaviors, populations and 
communities remain uncertain despite their potential importance to explaining the 
evolution of traits or the conservation of animal populations in an era of global change. 
This dissertation examines one key potential mechanism by which changes in 
vegetation may influence animal behaviors, species richness, species composition, and 
demography: reproductive success.  I examine ways in which changes in vegetation 
structure and composition alter avian reproductive success, and how those changes in 
reproductive success affect community composition, distributions, behaviors, and fitness 
of bird species.  I focus on bird species because reproductive success is a major driver of 
their population dynamics, and their nests are feasibly monitored and linked to 
differences in vegetation structure and composition.   
 vii 
Chapter one investigated the influence of vegetation change on local richness, 
species composition, and reproductive success of avian species across the globe.  
Specifically, this chapter examined one pervasive source of anthropogenic disturbance, 
logging, which is responsible for drastically altering forest cover across most of the world 
(Hansen et al. 2010).  Impacts of logging on avian species richness and composition 
differed across latitudes, and indicated a higher degree of habitat specialization for 
tropical species.  Within north-temperate latitudes, bird species composition changed 
more where logging impacted reproductive success more.  Thus, differences in habitat 
specialization across latitudes and differences in logging effects on nest success within 
latitudes appear to explain global patterns of avian response to vegetation change. 
Chapter one indicated that changes in avian species composition were associated 
with changes in reproductive success following logging in north-temperate forests.  This 
result suggested that reproductive success might be a general mechanism by which 
vegetation influences abundances of animal species along vegetation gradients and, thus, 
changes in species composition.  However, the crucial tests of how abundances and 
demographic costs of animals vary along experimentally manipulated vegetation 
gradients are lacking.  Thus, chapter two used observational and experimental approaches 
to further test the relationships between vegetation and the abundances and nest predation 
rates of 16 bird species breeding along natural vegetation gradients in western Montana, 
USA.  Specifically, bird abundances might decline where reproductive success is low, 
leading to changes in the relative abundances of species along the vegetation gradient.  
For most bird species, decreasing abundance was associated with increasing predation 
rates along both natural and experimentally modified vegetation gradients.  This 
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landscape-scale approach strongly supported the idea that vegetation-mediated effects of 
predation are associated with avian distributions and species turnover. 
Chapter two suggested that direct predation mortality can select for habitat 
preferences and influence avian distributions across species, leading to changes in species 
composition along vegetation gradients.  However, the perceived risk of predation alone 
may have equally large effects on fitness and population dynamics.  Animals across taxa 
adjust behaviors in response to increased perceived predation risk in a way that likely 
reduces direct predation probability, but these responses may also cause demographic 
costs (Creel and Christianson 2008, Zanette et al. 2011).  Moreover, animals differ from 
one another in life-history characteristics that may determine the magnitude and costs 
from behavioral responses to increased risk.  In chapter three, I tested phenotypic 
responses to increased predation risk and associated demographic costs across 10 
songbird species breeding along natural predation gradients and by experimentally 
increasing perceived risk for four species.  Parents increased incubation attentiveness, 
reducing development periods and time-dependent nest mortality with natural and 
experimental increases in risk.  Yet, responses to increased risk also created demographic 
costs by reducing offspring production in the absence of direct predation.  This cost of 
fear varied widely across species, but predictably with the probability of repeat breeding.  
Use of a life-history framework can aid our understanding of potential demographic costs 
from predation, both from responses to risk and from direct predation.  
Finally, chapter four examined the relative influence of direct and indirect 
predation effects on fitness across the 10 bird species studied in chapter three.  Indirect 
predation costs (i.e., fewer offspring with increased risk) reduced fitness across species, 
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indicating that risk alone influences population growth.  However, costs of fear reduced 
fitness less than direct predation mortality across species, and species with higher direct 
predation rates had stronger overall reductions in fitness from predation.  Thus, indirect 
predation costs are important to consider, but average predation rates appear to reflect the 
cumulative fitness costs from predation.   
  Overall, these landscape and experimental tests suggest that vegetation affects 
both direct nest predation mortality and nest predation risk, and that both these 
demographic costs strongly influence avian behaviors, reproduction, fitness, distributions, 
and communities.  All four chapters look across many avian species to detect generalized 
effects of vegetation and predation risk on avian traits and populations.  We still have 
much to learn about the ways in which vegetation and predation risk shape animal 
behaviors, populations and communities.  For example, this dissertation focused on 
predation risk at the earliest life-stages, but what are the effects of juvenile and adult 
predation risk on trait evolution and animal distributions.  Moreover, how and why do 
effects of generalist enemies, like nest predators or generalized herbivores, differ from 
the effects of specialized enemies, like species-specific pathogens, on animal behaviors, 
populations and communities?  In the continuing pursuit of such broad ecological and 
evolutionary questions, this dissertation moves the fields of ecology and evolution 
forward in our understanding of the mechanisms by which vegetation, via predation risk, 
influences the community structure, trait expression, and fitness of animal species. 
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CHAPTER 1 
 
LOGGING IMPACTS ON AVIAN SPECIES RICHNESS AND COMPOSITION 
DIFFER ACROSS LATITUDES RELATIVE TO FORAGING AND BREEDING 
HABITAT PREFERENCES 
 
  
 2 
ABSTRACT 
Understanding the causes underlying changes in species richness and composition is a 
fundamental pursuit of ecology.  Animal species richness and composition often change 
with decreased forest structural complexity associated with anthropogenic disturbance.  
Yet differences in latitude, forest type, and effects of vegetation on reproductive success 
may strongly influence how species respond to vegetation changes.  I performed a meta-
analysis of logging effects on local avian richness, species composition, and nest success 
across the world to quantitatively assess how species respond to this anthropogenic 
disturbance.  I accounted for logging intensity, successional regrowth after logging, and 
the change in species composition expected due to random assembly from regional 
species pools.  Logging caused substantial loss of species in tropical forests, with an 
average loss of 25.9% of tropical bird species richness following a clearcut.  Logging did 
not decrease species richness in temperate forests, where minimal logging intensities 
corresponded with a net gain of species.  Species composition naturally changed with 
logging-related declines in richness in tropical forests.  However, species composition 
also changed with logging in higher-latitude temperate forests despite no net changes in 
species richness, with logging changing the identity of at least 45.5% of bird species in 
forests above 50° in latitude on average.  Tropical logging caused species loss from all 
forest strata (i.e., ground to canopy), while temperate logging generally replaced lost 
canopy species with ground/understory species.  Changes in species composition in 
north-temperate forests were greater where logging impacted nest success more.  
Differences in habitat specialization across latitudes and differences in logging effects on 
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nest success within latitudes appear to explain these biogeographic patterns of avian 
response to vegetation change. 
  
 4 
INTRODUCTION 
Understanding the causes underlying changes in local species richness and composition is 
critically important for conservation of biodiversity.  Animal species richness and 
composition often change with decreased forest structural complexity associated with 
anthropogenic disturbance, or logging.  Logging is an important and pervasive alteration 
of forest vegetation structure that occurs across most of the world (Hansen et al. 2010).  
Despite numerous studies examining the impacts of logging on local animal communities 
(e.g., Gray et al. 2007; Vanderwel et al. 2007), no study of which I am aware has 
attempted to explain differential effects of logging on animal species richness and 
composition within and across latitudes.  However, these insights would be critically 
important to the conservation of animal biodiversity in a changing world. 
Animal species richness can decrease as logging reduces the structural complexity 
of vegetation and associated breeding or foraging niches (MacArthur & MacArthur 1961; 
MacArthur et al. 1966; Pianka 1966a; Willson 1974; Roth 1976; Martin 1988).  Yet, the 
extent of change in the numbers and identities of animal species with vegetation structure 
may differ across latitudes depending on niche breadths.  In particular, tropical species 
are thought to have narrower niche breadths (i.e., more habitat specialization) and to 
more finely subdivide vegetation than temperate species, potentially causing steeper 
decreases in richness and greater changes in species composition with decreases in 
structural complexity of tropical forests (MacArthur et al. 1966; Karr & Roth 1971; 
Salisbury et al. 2012).  Thus, tropical animal communities may change more than 
temperate communities following logging. 
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Differences in forest types at similar latitudes may also influence responses of 
animal richness and species composition to logging.  For example, changes in bird 
species composition with changes in vegetation structure are greater in mixed conifer-
deciduous forests compared to pure conifer or deciduous forests (MacArthur et al. 1966).  
Conifer and deciduous vegetation also differentially affect nest success across bird 
species (LaManna et al. 2015), but whether stronger vegetation effects on reproductive 
success explain greater changes in animal species composition with vegetation structure 
remains unknown.  Thus, differences in habitat specialization across latitudes as well as 
differences in forest types (conifer vs. deciduous vs. mixed conifer-deciduous) within 
latitudes may influence the response of animal species richness and composition to 
logging, but need testing.   
Responses of animal species richness and composition to logging across broad 
spatial scales may be confounded by changes in regional species richness.  Local species 
richness and composition are products of historical processes that influence regional 
richness (MacArthur & Wilson 1963; Ricklefs 2008; Kraft et al. 2011).  Regional 
richness clearly decreases with latitude (Pianka 1966b; MacArthur 1972), meaning that 
smaller changes in species composition with logging are expected as latitude increases 
due to fewer species in the regional pool alone.  Thus, a comparison of the effects of 
logging on species richness and composition across latitudes and forest types is needed 
that takes into consideration changes in regional richness. 
I therefore conducted a meta-analysis to compare the influence of logging on local 
richness and composition of avian species within and across latitudes.  I also tested if 
logging impacts on local avian richness and composition differed among guilds that 
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prefer to nest or forage in distinct vegetation layers, and expected larger changes in 
species composition (indicating stronger habitat specialization) across all forest strata in 
tropical compared to temperate forests.  I also tested if local avian richness and 
composition changed more in forests types where logging had greater impacts on 
reproductive success.  A deeper understanding of the factors that explain differential 
logging impacts on avian communities both within and across latitudes is needed to 
conserve biodiversity in an era of unprecedented global change. 
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METHODS 
I systematically searched for studies examining the response of bird communities to 
logging.  I looked for suitable peer-reviewed papers using the terms “birds” and 
“logging” on the ISI Web of Science on-line bibliographic database and also searched 
references within these papers.  Limiting my search to published material potentially 
introduced a bias (Møller & Jennions 2001) but also provided a level of quality control 
(Gray et al. 2007).  I included experiments that compared avian species composition 
before and after logging as well as studies that compared recently logged forests to 
nearby undisturbed controls.  Studies were included only if logging was the sole 
difference between treatment and control sites and forests were allowed to regrow 
following logging (e.g., I did not examine burning or agricultural effects).  Measurements 
of proportion of timber basal area retained on the landscape following logging (hereafter 
basal area retention or retention) and years of successional regrowth since logging 
occurred (hereafter years since logging) were used to control for variable logging 
intensities across studies, and thus I limited my search to studies that provided these 
measurements. If a study examined multiple logging treatments (e.g., clearcut, 25%, and 
50% retention), then each treatment was included as a sample in my meta-analysis 
provided that each treatment was compared to control (undisturbed) forest.   
I defined regional species richness (γ-diversity) as all bird species detected in 
unlogged and logged forests.  Local site richness (α-diversity) was defined as the 
identities of bird species in unlogged or logged forest respectively.  I used Jaccard 
sharing components b and c to calculate an index describing the relative change in 
species richness following logging (modified from Canterbury et al. 2000).  I defined 
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species unique to the unlogged community as late-successional species (b) and species 
unique to the logged community as early-to-mid successional species (c), and calculated 
the index as ln(1 + 𝑐) − ln⁡(1 + 𝑏).  Thus, positive values indicate a net gain of species 
following logging and negative values indicate a net loss of species.   
I measured the change in species composition in response to logging with two 
turnover metrics: raw turnover (𝛽-diversity) and deviations from a null model of random 
community assembly (𝛽-deviations).  𝛽-diversity was calculated as the complement of 
Jaccard’s similarity index (1 − 𝐽𝑠) between unlogged and logged avian communities 
(Jaccard 1912; Gaston et al. 2007; Myers et al. 2013).  I used a null-model approach to 
calculate 𝛽-deviations (Kraft et al. 2011; Myers et al. 2013).  Simple probability dictates 
a greater change in species composition among two communities when more species are 
available from which to sample in the regional species pool (Kraft et al. 2011).  Regional 
species pool size decreases greatly from tropical to temperate latitudes (Pianka 1966b; 
MacArthur 1972), so I needed to correct for the associated null expectation of decreasing 
change in species composition with increasing latitude.  Therefore, I calculated 
standardized scores of the difference between observed and expected changes in species 
composition (as detailed in Kraft et al. 2011).  These 𝛽-deviations are thus a measure of 
the degree to which the change in species composition following logging is greater 
(positive values) or less than (negative values) expected via stochastic assembly.  I only 
included studies where both 𝛽-diversity and 𝛽-deviations could be calculated.   
 Latitude, location of study, sample size, and spatial extent were recorded for each 
study.  Species were classified into one of four guilds based on the vegetation layer in 
which they prefer to nest (cavity, canopy, understory/shrub, or ground) and forage (aerial, 
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canopy, understory/shrub, or ground) using the Handbook of the Birds of the World (Del 
Hoyo et al. 2014) and Cornell’s Birds of North America (Poole 2005).   I also looked for 
studies examining avian reproductive consequences of logging, but I only found such 
studies from north temperate latitudes.  Thus, analyses regarding reproductive success 
were restricted to the north-temperate region.  Percent change in nest success between 
logged and unlogged forests was calculated from each of these papers.   
 I began by assessing spatial auto-correlation in this dataset using Mantel’s test 
(‘mantel.rtest’ function from R package ‘ade4;’ Dray & Dufour 2007).  I also verified my 
measures of γ-diversity and α-diversity by testing for the familiar pattern of decreasing 
diversity with the absolute value of latitude (hereafter absolute latitude).  I next evaluated 
the relationships between the change in local species richness following logging and 
absolute latitude, basal area retention, and years since logging with weighted-least-
squares ANCOVA approaches.  Studies were weighted according to their sample size and 
spatial extent, and years since logging was square-root transformed because of a right-
skewed distribution.  I also tested for interactions between latitudinal zone (i.e., tropical 
or temperate latitudes) and absolute latitude as well as between latitudinal zone, basal 
area retention, and years since logging in order to test predictions of the vegetation 
structure and intermediate disturbance hypothesis.  These interactions were kept in my 
models if significant.  I examined changes in species composition (𝛽-diversity and 𝛽-
deviations) following logging using identical weighted ANCOVA approaches as 
described for species richness above.  For analyses of 𝛽-diversity, I controlled for 
variation in γ-diversity (Qian & Wang 2015).  I also tested for differential impacts of 
logging on species richness and composition of nesting and foraging guilds across 
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latitudes.  I used identical weighted ANCOVA approaches to those above with an added 
fixed factor of guild and an interaction between guild and latitudinal zone. 
 I next tested if the impacts of logging on local avian richness or species 
composition were associated with impacts of logging on nest success across forest types 
that differ in conifer and deciduous composition (i.e., pure deciduous, pure conifer, and 
mixed forest).  Identical weighted ANCOVA approaches to those described above were 
used to test for a difference in richness, species composition (𝛽-diversity and 𝛽-
deviations), and the absolute value of logging’s effect on nest success across forest types.  
I also tested for interactions between forest type, basal area retention, and years since 
logging to evaluate predictions of the vegetation structure and intermediate disturbance 
hypothesis.  I examined the absolute value of the difference in nest success between 
unlogged and logged forest because I predicted greater changes in bird species 
composition with stronger logging effects on nest success regardless of the direction of 
those effects.  I also examined whether effects of logging on nest success were, on 
average, positive or negative across forest types.  If a study examined logging effects on 
nest success for multiple species, then each species was treated as a separate sample 
provided that nest success of a species in a logging treatment was compared to 
reproductive success of that same species in unlogged forest.  I therefore looked for 
general effects of logging on reproductive success across bird species.  All analyses were 
performed using program R (R Core Development Team 2014). 
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RESULTS 
Sixty-eight studies matched my search criteria (Appendix A).  I was able to calculate the 
change in avian species richness and composition from 64 of these studies (Fig. 1), and 
seven papers documented the effects of logging on nest success.  Unfortunately, Africa 
and temperate Eurasia were underrepresented in my analyses because most studies in 
these regions focused solely on richness and few published data required to calculate 
changes in species composition.  Thirty-two of the 64 species richness/composition 
studies examined multiple logging treatments, resulting in 118 control-treatment 
replicates for my meta-analysis.  These studies spanned a wide range of logging 
intensities (mean ± SD = 31.9 ± 28.1 % basal area retention) and years since logging 
(mean ± SD = 11.6 ± 15.3 years).  Most studies were published to report logging effects 
on species richness, and 60% of studies reported statistically insignificant effects of 
logging on richness.  Thus, publishing bias should not be a major factor influencing the 
meta-analyses.  Spatial auto-correlation was not present in datasets for the relative change 
in richness (r = -0.038, p = 0.86), species composition (𝛽-diversity r = 0.014, p = 0.33; 𝛽-
deviations r = -0.015, p = 0.64), or nest success (r = 0.043, p = 0.22).  As expected, γ- 
and α-diversity decreased with increasing latitude (Fig. 2). 
Effects of logging on bird species richness differed among latitudes and depended 
on logging intensity (i.e., basal area retention) and the number of years elapsed since 
logging.  Logging reduced species richness in the tropics at all levels of basal area 
retention and number of years since logging, with an average loss of 25.9% of species 
richness following a clearcut and an average loss of 13.6% of species richness even 10 
years after logging with 50% basal area retention (Fig. 3, Table 1).  Species richness only 
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approached pre-logging levels after 50 years in tropical forests (Fig. 3).  In contrast, 
logging did not reduce bird species richness in temperate forests, and corresponded with 
slightly increased richness if at least 60% of trees were retained (Fig. 3).  In heavily 
logged temperate forests, pre-logging richness was attained after an average of 40 years 
(Fig. 3).  Thus, limited disturbance via logging yielded increases in species richness in 
temperate forests, but more intense disturbance yielded no change in richness.  
The effect of logging on bird species composition (𝛽-diversity and 𝛽-deviations) 
also differed across latitudes (Fig. 4, Table 1).  Changes in species composition were 
greater on average at tropical (43.3%) than at temperate (36.0%) latitudes (Table 1), but 
changes in species composition with logging in tropical latitudes largely reflected a loss 
of species (Fig. 3).  Despite a greater overall change in species composition with logging 
in tropical compared to temperate forests, logging had stronger effects on species 
composition at higher temperate latitudes than at lower temperate latitudes (Fig. 4).  
Species composition also changed less following logging when logging was less intense, 
as indicated by greater basal area retention (Table 1).  However, this effect of basal area 
retention on species composition was only true for temperate and not tropical forests 
(Table 1).  Thus, the effect of logging on species composition differed strongly across 
latitudes. 
I was able to classify over 1,450 bird species into nesting and foraging guilds 
from 41 of the studies used above (Appendix A).  Logging effects on species richness of 
nesting and foraging guilds differed across latitudes (Fig. 5, Table 2).  Not surprisingly, 
logging caused loss of cavity-nesting and canopy-foraging species at all latitudes (Fig. 5a, 
5b).  Logging at temperate latitudes caused a net gain of understory and ground nesting 
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species (Fig. 5a), perhaps due to increased understory vegetation growth under an opened 
canopy.  However, logging in tropical forests, while generally decreasing avian richness 
across all nesting and foraging guilds, caused a relatively greater decline in richness (and 
thus a greater change in species composition) for ground-foragers compared to all other 
foraging guilds (Fig. 5b, 5d).  This decline in tropical ground-foragers is notable given 
that logging in temperate forests caused an increase in ground-foraging species (Fig. 5b).  
Therefore, effects of logging on species richness of birds occupying lower vegetation 
layers differed among latitudes, with lower-strata tropical birds decreasing in richness 
and lower-strata temperate birds increasing in richness following logging. 
Effects of logging on species composition were less variable among nesting and 
foraging guilds than effects of logging on species richness of these guilds (Fig. 5).  The 
identities of between 30% and 50% of species in all nesting and foraging guilds changed 
following logging at all latitudes (Fig. 5c, 5d).  Logging disproportionately altered the 
species composition of tropical ground-foraging and temperate aerial-foraging guilds 
(Fig. 5d).  Therefore, despite relatively minor effects of logging on temperate species 
richness across guilds, the composition of bird species in all nesting and foraging guilds 
changed following logging at all latitudes. 
The effects of logging on avian species richness were relatively consistent among 
north-temperate forest types, but logging effects on species composition varied 
substantially among forest types (Fig. 6).  Logging caused greater changes in species 
composition in higher-latitude temperate forests than in lower-latitude temperate forests 
(Fig. 4).  This latitudinal pattern appears to correspond to differences in temperate forest 
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type, with species composition changing less with logging in pure deciduous forests than 
in forests containing conifers (Table 3, Fig. 6b, 6c).   
Effects of logging on nest success varied among species but, on average, were 
positive in mixed forests (45.9% increase in nest success, p = 0.004) and non-significant 
in both pure deciduous (13.4% increase in nest success, p = 0.193) and pure conifer 
(12.6% decrease in nest success, p = 0.614) forests.  Across forest types, larger effects of 
logging on nest success (Fig. 6d) were associated with stronger changes in species 
composition (Fig. 6b).  In other words, logging altered nest success most strongly in 
mixed conifer-deciduous forests, and logging in these forests had the greatest effect on 
species composition compared to other forest types.  Therefore, logging generally did not 
alter species richness in north-temperate forest, but changed species composition much 
more in forests containing conifers compared to deciduous forests.  Moreover, greater 
changes in species composition in mixed conifer-deciduous forests were at least partially 
associated with positive effects of logging on nest success across bird species. 
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DISCUSSION  
Effects of logging on avian species richness and composition were not consistent among 
latitudes and forest types.  Logging in tropical forests caused substantial species loss, yet 
avian richness was largely unaffected by logging in north and south temperate forests 
(Fig. 3).  Changes in species composition were relatively small in south-temperate forests 
and north-temperate deciduous forests, where logging also had little influence on 
richness.  These small changes in composition indicate that bird species in these forests 
were mostly habitat generalists, able to occupy both logged and unlogged habitats.  In 
contrast, logging caused relatively large changes in species composition in north-
temperate conifer and mixed conifer-deciduous forests despite having little to no effect 
on net species richness.  This result indicates that a roughly equivalent number of species 
specialize in either earlier- or later-successional habitat in temperate forests containing 
conifers and these species replace each other to yield stable richness.  A historic regime 
of large-scale, high-intensity wildfires in north-temperate forests containing conifers, 
especially in boreal forests, might account for the large number of early-successional 
specialists in these forests (Johnson et al. 2001).   
Changes in species composition were much greater in tropical forests where 
logging also caused substantial reductions in richness (Fig. 3, 4).  The reduction in 
richness reflected that many species using older forests disappeared following logging.  
This result suggests substantial specialization in later-successional habitat among tropical 
avian species and supports similar results from local-scale tropical studies (Salisbury et 
al. 2012; Edwards et al. 2013).  The variable responses of species richness and 
composition to logging support long-standing speculation (MacArthur et al. 1966; Karr & 
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Roth 1971; MacArthur 1972) that the numbers of habitat specialists and generalists differ 
between tropical versus temperate forests, as well as among forest types within the 
temperate zone.  Thus, results from this meta-analysis are consistent with the idea that 
strong habitat specialization, especially specialization in late-successional habitat types, 
leads to substantial loss of bird species following logging.   
 Increased bird species richness with increased vegetation structure has been 
associated with the addition of bird species that prefer to nest or forage in higher 
vegetation layers (MacArthur et al. 1966; Willson 1974; Martin 1988).  Thus, logging 
should remove birds that forage or nest in the canopy and possibly add species that forage 
or nest in lower vegetation layers because of post-logging successional regrowth.  
Logging in temperate forests revealed this expected pattern.  Temperate forest logging 
caused a loss of canopy nesting and foraging species, as expected, but also caused a net 
gain in ground and understory species (Fig. 5a, 5b).  Tropical logging also caused a loss 
of species that forage in the canopy, but caused an equal or greater loss of species that 
forage in lower forest strata (Fig. 5a, 5b).  In particular, the net loss of tropical species 
that forage on the ground (i.e., a relatively large change in species composition and a net 
loss of species) was greater than for any other guild following logging (Fig. 5).  
Therefore, logging in temperate forests appears to remove generalist species occupying 
upper forest strata and replace them with generalist species occupying lower strata.  In 
contrast, steep declines in tropical avian diversity with logging appear to result from a 
high degree of habitat specialization across species occupying all forest strata.   
 Changes in species composition with logging may also be related to logging 
influences on reproductive success.  In particular, greater differences in nest success 
 17 
between logged and unlogged forest should favor stronger preferences for one habitat 
type (Fretwell & Lucas 1969; Thompson 1988; Martin 1998; Pulliam 2000; Martin & 
Maron 2012; Srinivasan et al. 2015).  When such preferences are widespread across 
species, logging should cause greater changes in species composition where it causes 
greater changes in reproductive success (LaManna et al. 2015).  This meta-analysis 
shows that larger changes in avian species composition from logging were associated 
with greater changes in nest success across north-temperate forest types (Fig. 6b, 6c, 6d).  
Thus, preferences for habitat associated with higher reproductive success appear to 
underlie relative changes in north-temperate avian species composition.   
 I searched thoroughly for papers studying the effects of logging on bird 
communities across the globe.  While all of the western hemisphere, tropical Asia, and 
Australia were well-represented in my meta-analysis, Africa and temperate Eurasia were 
unfortunately underrepresented in my meta-analysis (Fig. 1).  Two reasons might account 
for Africa and temperate Eurasia being poorly represented here.  First, my searches were 
restricted to papers that were published or have been translated into English, and this 
might limit the number of studies from Russia or China.  Second, most studies from 
Africa and temperate Eurasia focused solely on richness and few published species lists 
from logged and unlogged forests, which are required to calculate changes in species 
composition.  Thus, I encourage future studies of land-use effects on wildlife to publish 
full species lists and as much of the original data whenever possible.  Also, I must 
emphasize that the scope of inference of this meta-analysis, while covering most of the 
inhabited world (Fig. 1), may not necessarily apply to Africa or temperate Eurasia. 
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 This meta-analysis highlights the role of habitat specialization and preferences in 
determining effects of logging on species richness and composition across latitudes and 
forest-types.  Such preferences should have evolved due to the reliability of certain 
vegetation types or structures as indicators of successful reproductive or foraging 
outcomes (Fretwell & Lucas 1969; Pulliam 2000).  Yet logging followed by agricultural 
development, livestock grazing, or other human activities often decouples once-reliable 
habitat cues from the actual reproductive or survival consequences of settling in such 
degraded habitats (Schlaepfer et al. 2002; Gibbs et al. 2010; Chalfoun & Schmidt 2012).  
My meta-analysis was restricted to logging practices that allowed forests to regrow 
following disturbance.  Thus, logging followed by human land-use likely leads to greater 
reductions in species richness and changes in species composition than I report here 
(Edwards et al. 2010; Newbold et al. 2015).  Furthermore, proliferations of human land-
use activities as well as climate change are threatening an unprecedented level of 
vegetation change across the globe (Gibbs et al. 2010; Gottfried et al. 2012).  A thorough 
understanding of the global impacts these changes will have on richness, species 
composition, and reproductive success of local avian communities will be essential to 
conserving biodiversity around the world. 
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CONSERVATION RECOMMENDATIONS 
Logging caused the loss of up to 25.9% of bird species from tropical forests but caused 
no net loss of bird species from temperate forests, even after correcting for inherent 
differences in diversity among latitudes (Fig. 3).  Bird species lost in the tropics are most 
likely later-successional specialists that may be experiencing widespread population 
declines given the very high amount of logging in tropical forests in recent decades.  
Tropical logging projects should therefore be curtailed as much as possible to conserve 
the numerous bird species unique to mature tropical forests.  However, if logging must be 
done in tropical forests, long logging rotations (at least 50 years between logging events) 
or retaining at least 70% of tree basal area should minimize the negative impacts of 
logging on birds (Fig. 3).  Notably, logging in temperate forests caused a net gain of bird 
species if at least 60% of trees were retained on the landscape or if logging was 
conducted on at least a 40 year rotation (Fig. 3).  While logging had little effect on bird 
species richness in north-temperate latitudes, it did change the identity of approximately 
50% of species in higher-latitude avian communities.  Logging also generally increased 
nest success of birds in north-temperate mixed conifer-deciduous forests, but had no 
significant overall effects on nest success in north-temperate pure conifer or pure 
deciduous forests.  Finally, changes in species composition following logging in north-
temperate forests were associated with effects of logging on nest success.  Thus, changes 
in avian species composition following logging could be used as a proxy indicator for the 
general reproductive consequences of logging for birds when monitoring reproductive 
success is not feasible. 
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Table 1. Models describing effects of logging on local avian species richness and 
composition across latitudes. Degrees of freedom (df), slope estimates and 95% 
confidence intervals (CI) for continuous variables, F statistics, and associated p-values 
are presented. Overall model fit (R2) is also shown for each model. Slope estimates are 
standardized regression coefficients. Years since logging is square-root transformed.  * 
signifies significant at p < 0.05, and † signifies marginally significant at p < 0.10 
 
Model Variable df Slope Slope CI F 
p-
value 
Change in Years since Logging * 1 0.19 (0.03,0.34) 5.3 0.023 
Species Basal Area Retention * 1 0.24 (0.05,0.42) 6.1 0.015 
Richness Regional Spcies Pool Size (γ) † 1 0.22 (-0.02,0.45) 3.2 0.075 
R2 = 0.204 Lat. Zone (Temperate/Tropics) * 1 --- --- 8.8 0.004 
  Absolute Latitude 1 -0.21 (-0.72,0.29) 0.7 0.412 
       
Change in  Years since Logging 1 -0.07 (-0.18,0.05) 1.3 0.250 
Species Basal Area Retention * 1 --- --- 7.1 0.009 
Composition Regional Spcies Pool Size (γ) * 1 -0.24 (-0.41,-0.07) 7.8 0.006 
(βraw) Lat. Zone (Temperate/Tropics) * 1 --- --- 49.3 < 0.001 
R2 = 0.394 Absolute Latitude * 1 --- --- 25.3 < 0.001 
 Lat. Zone × Absolute Latitude * 1 --- --- 12.8 0.001 
    Temperate *  1.39 (0.95,1.83) 38.1 < 0.001 
    Tropics  0.03 (-0.57,0.63) 0.1 0.926 
 Lat. Zone × BA Retention * 1 --- --- 5.4 0.022 
    Temperate *  -0.31 (-0.48,-0.14) 12.5 < 0.001 
    Tropics  0.02 (-0.19,0.23) 0.2 0.864 
              
Species 
Comp. 
Years since Logging 1 0.09 (-0.02,0.21) 2.4 0.123 
Deviations Basal Area Retention * 1 -0.17 (-0.31,-0.02) 5.1 0.026 
(βdev) Lat. Zone (Temperate/Tropics) * 1 --- --- 37.5 < 0.001 
R2 = 0.357 Absolute Latitude * 1 0.76 (0.37,1.15) 14.8 < 0.001 
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Table 2. Models describing effects of logging on species richness and composition of 
avian guilds based on nesting and foraging habitat preferences across latitudes. See Table 
1 for description of parameters. Slope estimates are standardized regression coefficients. 
* signifies significant at p < 0.05, and † signifies marginally significant at p < 0.10 
 
Model Variable df Slope Slope CI F p-value 
Change in Years since Logging 1 0.07 (-0.02,0.16) 2.2 0.139 
Species Basal Area Retention * 1 0.21 (0.09,0.32) 12.9 < 0.001 
Richness of Regional Spcies Pool Size (γ) * 1 0.12 (0.01,0.24) 4.3 0.039 
Nesting Nesting Guild * 3 --- --- 2.7 0.043 
Guilds Lat. Zone (Temperate/Tropics) * 1 --- --- 35.4 < 0.001 
R2 = 0.34 Absolute Latitude 1 --- --- 1.5 0.229 
 Lat. Zone × Absolute Latitude * 1 --- --- 13.0 < 0.001 
    Temperate *  -0.52 (-0.84,-0.20) 10.0 0.002 
     Tropics *   0.44 (0.03,0.85) 4.3 0.038 
       
Change in Years since Logging † 1 0.09 (-0.01,0.18) 3.1 0.081 
Species Basal Area Retention * 1 0.23 (0.11,0.35) 14.1 < 0.001 
Richness of Regional Spcies Pool Size (γ) 1 0.01 (-0.12,0.14) 0.01 0.903 
Foraging Foraging Guild * 3 --- --- 4.7 0.003 
Guilds Lat. Zone (Temperate/Tropics) * 1 --- --- 31.4 < 0.001 
R2 = 0.34 Absolute Latitude 1 -0.53 (-0.87,-0.20) 2.2 0.136 
 Lat. Zone × Foraging Guild * 3 --- --- 3.7 0.013 
 Lat. Zone × Absolute Latitude * 1 0.87 (0.33,1.41) 9.9 0.002 
    Temperate *  -0.53 (-0.87,-0.20) 9.6 0.002 
     Tropics   0.34 (-0.09,0.77) 2.4 0.125 
       
Change in Years since Logging † 1 -0.61 (-0.82,-0.39) 2.9 0.090 
Species Basal Area Retention * 1 --- --- 6.3 0.013 
Composition Regional Spcies Pool Size (γ) * 1 -0.13 (-0.23,-0.02) 5.6 0.019 
of Nesting Nesting Guild 3 --- --- 0.2 0.929 
Guilds Lat. Zone (Temperate/Tropics) * 1 --- --- 41.5 < 0.001 
R2 = 0.18 Absolute Latitude * 1 --- --- 24.8 < 0.001 
 Lat. Zone × Absolute Latitude * 1 --- --- 9.0 0.003 
    Temperate *  0.83 (0.55,1.11) 33.5 < 0.001 
    Tropics  0.11 (-0.26,0.48) 0.4 0.553 
 Lat. Zone × BA Retention * 1 --- --- 10.5 0.001 
    Temperate  -0.26 (-0.39,-0.13) 16.0 < 0.001 
     Tropics   0.08 (-0.08,0.24) 1.0 0.326 
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Table 2 (continued). 
       
Model Variable df Slope Slope CI F p-value 
Change in Years since Logging * 1 -0.10 (-0.19,-0.02) 6.2 0.013 
Species Basal Area Retention * 1 --- --- 9.6 0.002 
Composition Regional Spcies Pool Size (γ) 1 -0.07 (-0.18,0.05) 1.2 0.265 
of Foraging Foraging Guild † 3 --- --- 2.3 0.077 
Guilds Lat. Zone (Temperate/Tropics) * 1 --- --- 46.7 < 0.001 
R2 = 0.23 Absolute Latitude * 1 0.68 (0.44,0.91) 32.5 < 0.001 
 Lat. Zone × Foraging Guild * 3 --- --- 3.4 0.019 
 Lat. Zone × BA Retention * 1 --- --- 4.2 0.042 
    Temperate  -0.25 (-0.38,-0.12) 13.6 < 0.001 
     Tropics   -0.03 (-0.19,0.13) 0.2 0.690 
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Table 3. Models describing effects of logging on local avian species richness, 
composition, and the absolute value of the change in nest success following logging 
across north-temperate forest types. Degrees of freedom (df), slope estimates and 95% 
confidence intervals (CI) for continuous variables, F statistics, and associated p-values 
are presented. Overall model fit (R2) is shown for each model. Slope estimates are 
standardized regression coefficients. * signifies significant at p < 0.05, and † signifies 
marginally significant at p < 0.10 
 
Model Variable df Slope Slope CI F p-value 
Change in Years since Logging 1 -0.03 (-0.29,0.22) 0.07 0.795 
Species Basal Area Retention 1 --- --- 1.36 0.248 
Richness Regional Spcies Pool Size (γ) * 1 0.37 (0.05,0.70) 5.23 0.026 
R2 = 0.413 Forest Type † 2 --- --- 2.64 0.081 
 Latitude 1 -0.25 (-0.57,0.08) 2.23 0.141 
 BA Retention × Forest Type * 2 --- --- 5.50 0.007 
     Pure Deciduous * 1 -0.72 (-1.29,-0.15) 6.1 0.017 
     Pure Conifer 1 0.40 (-0.09,0.89) 2.6 0.113 
      Mixed Forest † 1 0.33 (-0.01,0.68) 3.6 0.065 
       
Change in  Years since Logging * 1 -0.19 (-0.35,-0.03) 5.1 0.028 
Species Basal Area Retention * 1 -0.23 (-0.40,-0.07) 7.5 0.008 
Composition Regional Spcies Pool Size (γ) 1 -0.09 (-0.29,0.12) 0.7 0.408 
(βraw) Forest Type * 2 --- --- 35.2 < 0.001 
R2 = 0.631 Latitude 1 0.05 (-0.15,0.24) 0.2 0.643 
              
Species Comp. Years since Logging 1 -0.09 (-0.22,0.05) 1.6 0.211 
Deviations Basal Area Retention * 1 -0.20 (-0.38,-0.02) 4.8 0.033 
(βdev) Forest Type * 2 --- --- 18.7 < 0.001 
R2 = 0.466 Latitude 1 -0.04 (-0.25,0.16) 0.2 0.672 
              
Nest Years since Logging 1 0.19 (-0.06,0.44) 2.3 0.147 
Success Basal Area Retention † 1 0.23 (-0.02,0.48) 3.3 0.088 
R2 = 0.859 Forest Type * 2 --- --- 23.4 < 0.001 
  Latitude * 1 -0.88 (-1.33,-0.43) 14.5 0.001 
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FIGURES  
 
 
 
Figure 1. Map showing locations of 118 logged-unlogged paired replicates from 64 
published studies across the globe used in meta-analyses. Locations are shown with a 
point, and a circle around that point indicates relative sample size and spatial extent of the 
study. Tropics of Capricorn and Cancer are shown with gray dashed lines. Numbers 
indicate the count of replicates within a continent and latitudinal zone (i.e., north-
temperate America = 60; tropical America = 17; south-temperate America = 5; north-
temperate Eurasia = 2; tropical Africa = 4; tropical Asia = 15; and south-temperate 
Australia = 15). 
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Figure 2. Relationships between the absolute value of latitude (absolute latitude) and (a) 
regional diversity (γ) and (b) average local diversity among logged and unlogged forests 
(α-diversity). Tropical and north temperate studies are depicted with circles and south 
temperate studies are depicted with diamonds. Larger points indicate increased sample 
size and spatial extent of a study. Linear relationships (slope estimate ± 95% CI) between 
regional diversity, mean local diversity and latitude are shown in gray. 
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Figure 3. The effect of logging on bird species richness (± 95% CI) at different values of 
basal area retention and years since logging. The effect of logging on bird species 
richness was calculated using an index that measured the relative number of species 
gained to species lost following logging. Positive values indicate a net gain in species 
richness and negative values indicate a net loss of species richness in a logged compared 
to an unlogged forest. Effects of logging on bird species richness are shown at mean 
absolute latitudes (7° for tropics and 45° for temperate) and regional richness (110 
species for tropics and 35 species for temperate) for each latitudinal zone. Effects of basal 
area retention are shown at mean number of years since logging (11.6 years), and effects 
of years since logging are shown at mean basal area retention (31.9 %). 
 
  
 33 
 
Figure 4. Relationships of absolute latitude with (a) the change in bird species 
composition (𝛽-diversity) and (b) the change in species composition corrected for 
changes in regional richness (𝛽-deviations) following logging from 118 replicates from 
64 published studies across six continents. The proportion of total variation in the change 
in species composition explained by latitude and latitudinal zone (tropical vs. temperate) 
is also presented (r2). Tropical and north temperate studies are depicted with circles and 
south temperate studies are depicted with diamonds. Larger points indicate increased 
sample size and spatial extent of a study. Linear relationships (slope estimate ± 95% CI) 
between the change in species composition and latitude within each latitudinal zone 
(tropics & temperate) are shown in gray. 
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Figure 5. Latitudinal differences in the effect of logging on (a, b) bird species richness 
and (c, d) the change in species composition (𝛽-diversity) across guilds based on nest-site 
(a, c) and foraging-site (b, d) preferences.  Guild means (± 95% CI) for effects of logging 
on richness and species composition were calculated at the mean absolute latitude for 
each latitudinal zone (7° for tropics and 45° for temperate).  Letters above bars indicate 
statistically similar or different values within a latitudinal zone based on weighted 
ANCOVA contrasts (see Table 2).   
 
  
 35 
 
Figure 6. Variation and forest type means for effects of logging on (a) bird species 
richness (b) the change in species composition (𝛽-diversity), (c) the change in species 
composition corrected for changes in regional richness (𝛽-deviations), and (d) the 
absolute value of the percent difference in nest success between logged and unlogged 
forest. Forest means (± 95% CI) are in black, and the data from each study are presented 
in gray. The proportion of total variation explained by forest type (pure deciduous vs. 
pure conifer vs. mixed conifer-deciduous forest) is also presented (r2) for each panel. 
Larger points indicate increased sample size and spatial extent of a study. Sample size for 
each forest type is provided at the top of each panel.  
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Appendix A. Published studies used in meta-analyses examining logging effects on local turnover and nest success of avian communities. 
Author(s), publication year, journal, study location and continent, latitudinal zone (based on Tropics of Cancer and Capricorn), community 
parameter studied (T = turnover, G = turnover by foraging or nesting guild, or N = nest success), percent basal area retention and years since 
logging for each logging treatment compared to control (undisturbed) forest stands, study design (BACI = experimental before-after-control-
impact design, Nat. = natural experiment), and forest type (for north temperate studies only) are provided for each study.  
Author(s) Year Journal Location Continent 
Latitudinal 
Zone 
Study 
Retention 
Level 
Years since 
Logging 
Study 
Design 
Forest 
Type 
Abbott et al. 2003 Wildlife Research Australia Australia South 
Temperate 
T 27 3.5 BACI --- 
Aleixo 1999 The Condor Brazil South 
America 
Tropics T,G 77 12 Nat. --- 
Annand & 
Thompson 
1997 Journal of Wildlife 
Management 
Missouri, USA North 
America 
North 
Temperate 
T,G 3, 16, 60, 60 4.5, 4.5, 4.5, 
4.5 
Nat. Pure 
Deciduous 
Baker & 
Lacki 
1997 Forest Ecology and 
Management 
Kentucky, 
USA 
North 
America 
North 
Temperate 
T 0, 11, 26 1.5, 1.5, 1.5 BACI Pure 
Deciduous 
Beese & 
Bryant 
1999 Forest Ecology and 
Management 
B.C., Canada North 
America 
North 
Temperate 
T,G 0, 5, 25 3, 3, 3 BACI Pure 
Coniferous 
Boardman & 
Yahner 
1999 Northern Journal of 
Applied Forestry 
Pennsylvania, 
USA 
North 
America 
North 
Temperate 
T,G 5 2.5 Nat. Mixed 
Forest 
Chambers & 
McComb 
1997 Northwest Science Oregon, USA North 
America 
North 
Temperate 
T,G 0, 25, 67 5, 5, 5 Nat. Mixed 
Forest 
Chambers et 
al. 
1999 Ecological 
Applications 
Oregon, USA North 
America 
North 
Temperate 
T 0, 25, 67 1.5, 1.5, 1.5 BACI Mixed 
Forest 
Cleary et al. 2005 Landscape Ecology Borneo Asia Tropics T 60, 60 4.5, 8.5 Nat. --- 
Craig & 
Roberts 
2005 Biological 
Conservation 
Australia Australia South 
Temperate 
T 5, 50 1, 1 BACI --- 
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Author(s) Year Journal Location Continent 
Latitudinal 
Zone 
Study 
Retention 
Level 
Years since 
Logging 
Study 
Design 
Forest 
Type 
Cueto & 
DeCasenave 
2000 Wilson Journal of 
Ornithology 
Argentina South 
America 
South 
Temperate 
T,G 20 33 Nat. --- 
Deferrari et al. 2001 Biodiversity and 
Conservation 
Argentina South 
America 
South 
Temperate 
T,G 50, 50, 50, 
50 
1, 6, 40, 80 Nat. --- 
Dellasala et al. 1996 The Condor Arkansas, 
USA 
North 
America 
North 
Temperate 
T,G 0, 62, 93 20, 4, 3 Nat. Pure 
Coniferous 
Dranzoa 1998 Biodiversity and 
Conservation 
Uganda Africa Tropics T,G 38 23 Nat. --- 
Drapeau et al. 2000 Ecological 
Monographs 
Quebec, 
Canada 
North 
America 
North 
Temperate 
T,G 0, 0 15, 55 Nat. Mixed 
Forest 
Duraes et al. 2013 Biological 
Conservation 
Ecuador South 
America 
Tropics T 0, 35 25, 25 Nat. --- 
Edwards et al. 2011 Proc. Roy. Soc. B Borneo Asia Tropics T 30, 30 4, 18 Nat. --- 
Eng et al. 2011 Canadian J. of 
Forest Research 
Ontario, 
Canada 
North 
America 
North 
Temperate 
N 65, 80 8, 8 Nat. Pure 
Deciduous 
Felton et al. 2008 Biological 
Conservation 
Bolivia South 
America 
Tropics T 90 18 Nat. --- 
Flaspohler et 
al. 
2002 Forest Science Michigan, 
USA 
North 
America 
North 
Temperate 
T,G 81 6 Nat. Mixed 
Forest 
Fort & Otter 2004 The Auk B.C., Canada North 
America 
North 
Temperate 
N 0 12 Nat. Mixed 
Forest 
Franzreb & 
Ohmart 
1978 The Condor Arizona, 
USA 
North 
America 
North 
Temperate 
T,G 16 1.5 Nat. Pure 
Coniferous 
Freedman et al. 1981 Canadian Field 
Naturalist 
Nova Scotia, 
Canada 
North 
America 
North 
Temperate 
T,G 0 4 Nat. Mixed 
Forest 
  
 38 
Author(s) Year Journal Location Continent 
Latitudinal 
Zone 
Study 
Retention 
Level 
Years since 
Logging 
Study 
Design 
Forest 
Type 
Greenberg et al. 1995 Wilson Journal of 
Ornithology 
Florida, USA North 
America 
North 
Temperate 
T 0 6 Nat. Pure 
Coniferous 
Guilherme & 
Cintra 
2001 Ecotropica Amazon South 
America 
Tropics T 65 6 Nat. --- 
Haavik & Dale 2012 Annales Zoologici 
Fennici 
Norway Europe North 
Temperate 
T,G 10 40 Nat. Mixed 
Forest 
Hagar et al. 1996 Wildlife Society 
Bulletin 
Oregon, USA North 
America 
North 
Temperate 
T,G 73 10 Nat. Mixed 
Forest 
Hansen et al. 1995 Ecological 
Applications 
Oregon, USA North 
America 
North 
Temperate 
T,G 0, 30 3, 3 Nat. Mixed 
Forest 
Imbeau et al. 1999 Canadian Journal of 
Zoology 
Quebec, 
Canada 
North 
America 
North 
Temperate 
T,G 0, 0, 0 1, 10, 20 Nat. Mixed 
Forest 
Jobes et al. 2004 Journal of Wildlife 
Management 
Ontario, 
Canada 
North 
America 
North 
Temperate 
T 75, 75 3, 18 Nat. Mixed 
Forest 
Johns 1991 Journal of Tropical 
Ecology 
Brazil South 
America 
South 
Temperate 
T 40 10 Nat. --- 
Jones et al. 2003 Biodiversity and 
Conservation 
Indonesia Asia Tropics T 67 7 Nat. --- 
Kavanagh & 
Stanton 
2003 Emu Australia Australia South 
Temperate 
T,G 0, 0, 0 4, 13, 22 Nat. --- 
Khanaposhtani 
et al. 
2013 Environmental 
Management 
Iran Asia North 
Temperate 
T 75 7 Nat. Pure 
Deciduous 
King & DeGraaf 2000 Forest Ecology and 
Management 
New 
Hampshire, 
USA 
North 
America 
North 
Temperate 
T,G,N 4, 68 4, 4 Nat. Mixed 
Forest 
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Author(s) Year Journal Location Continent 
Latitudinal 
Zone 
Study 
Retention 
Level 
Years since 
Logging 
Study 
Design 
Forest 
Type 
LaManna et 
al. 
2015 Ecology Montana, 
USA 
North 
America 
North 
Temperate 
T,G,N 40 1.5 BACI Mixed 
Forest 
Lambert 1992 Proc. Roy. Soc. B Borneo Asia Tropics T 20 9 Nat. --- 
Lance & 
Phinney 
2001 Forest Ecology and 
Management 
B.C., 
Canada 
North 
America 
North 
Temperate 
T,G 0, 19 2, 2 Nat. Mixed 
Forest 
Leupin et al. 2004 Canadian Journal of 
Forest Research 
B.C., 
Canada 
North 
America 
North 
Temperate 
T,G 70 1.5 BACI Pure 
Coniferous 
MacDonald et 
al. 
2005 Forest Ecology and 
Management 
Tasmania Australia South 
Temperate 
T 25 10 BACI --- 
Mardsen 1998 Conservation Biology Indonesia Asia Tropics T,G 50 3 Nat. --- 
Mason 1996 Biotropica Venezuela South 
America 
Tropics T 50, 60, 60 3, 1, 5.5 Nat. --- 
Norton & 
Hannon 
1997 Canadian J of Forest 
Research 
Alberta, 
Canada 
North 
America 
North 
Temperate 
T 8.5, 30, 40 1, 1, 1 BACI Mixed 
Forest 
O'Dea & 
Whittaker 
2007 Biodiversity and 
Conservation 
Ecuador South 
America 
Tropics T,G 5 18 Nat. --- 
Peh et al. 2005 Biological 
Conservation 
Malaysia Asia Tropics T,G 40 30 Nat. --- 
Politi et al. 2012 Biodiversity and 
Conservation 
Argentina South 
America 
Tropics T,G 55, 60 25, 25 Nat. --- 
Powell et al. 2010 The Condor Maine, USA North 
America 
North 
Temperate 
N 0 10 Nat. Mixed 
Forest 
Preston & 
Harestad 
2007 Forest Ecology and 
Management 
B.C., 
Canada 
North 
America 
North 
Temperate 
T 0, 50 3, 3 Nat. Pure 
Coniferous 
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Author(s) Year Journal Location Continent 
Latitudinal 
Zone 
Study 
Retention 
Level 
Years since 
Logging 
Study 
Design 
Forest 
Type 
Robinson & 
Robinson 
1999 Conservation 
Biology 
Illinois, USA North 
America 
North 
Temperate 
T,G 32, 33 2, 11 Nat. Pure 
Deciduous 
Robinson & 
Robinson 
2001 Conservation 
Biology 
Illinois, USA North 
America 
North 
Temperate 
N 32, 33 2, 11 Nat. Pure 
Deciduous 
Rodewald & 
Yahner 
2000 Journal of Wildlife 
Management 
Pennsylvania, 
USA 
North 
America 
North 
Temperate 
T,G 24 4 Nat. Mixed 
Forest 
Sekercioglu 2002 Biological 
Conservation 
Uganda Africa Tropics T,G 50, 75 27, 27 Nat. --- 
Serong & Lill 2012 Emu Australia Australia South 
Temperate 
T,G 0, 0, 0, 0 3.5, 12, 
24.5, 60 
Nat. --- 
Shankar Raman 
& Sukumar 
2002 Animal 
Conservation 
India Asia Tropics T,G 0, 0, 67 5, 15, 25 Nat. --- 
Siegel & 
DeSante 
2003 Wilson Journal of 
Ornithology 
California, 
USA 
North 
America 
North 
Temperate 
T,N 64 8 Nat. Pure 
Coniferous 
Simon et al. 2000 Canadian J. of 
Forest Research 
Labrador North 
America 
North 
Temperate 
T,G 0, 39, 71 20, 4, 4 Nat. Pure 
Coniferous 
Simons et al. 2006 Biological 
Conservation 
North Carolina, 
USA 
North 
America 
North 
Temperate 
T,G 15 70 Nat. Pure 
Coniferous 
Sodhi et al. 2005 Bird Conservation 
International 
Java Asia Tropics T 3, 5 3.5, 3.5 Nat. --- 
St. Laurent et al. 2007 Canadian Journal of 
Forest Research 
Quebec, 
Canada 
North 
America 
North 
Temperate 
T,G 10, 10, 10 2, 3, 8 Nat. Mixed 
Forest 
Taylor & 
Haseler 
1995 Forest Ecology and 
Management 
Tasmania Australia South 
Temperate 
T 0, 25, 40, 
50 
17, 1.5, 4, 1 Nat. --- 
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Author(s) Year Journal Location Continent 
Latitudinal 
Zone 
Study 
Retention 
Level 
Years since 
Logging 
Study 
Design 
Forest 
Type 
Thiollay 1992 Conservation Biology French 
Guiana 
South 
America 
Tropics T,G 55, 55 1, 10 Nat. --- 
Vidaurre et 
al. 
2006 Biological 
Conservation 
Bolivia S America Tropics T,G 84 2 Nat. --- 
Waltert 2000 Ostrich Ivory Coast Africa Tropics T,G 60 3 Nat. --- 
Waltert et 
al. 
2005 Bird Conservation 
International 
Indonesia Asia Tropics T,G 40 1 Nat. --- 
Whitman et 
al. 
1998 Biotropica Belize North 
America 
Tropics T 50 1 Nat. --- 
Wunderle et 
al. 
2006 Biotropica Brazil South 
America 
Tropics T,G 80 2 Nat. --- 
Yap et al. 2007 The Auk Malaysia Asia Tropics T,G 65 30 Nat. --- 
Zhao et al. 2013 PlosONE Quebec, 
Canada 
North 
America 
North 
Temperate 
T,G 5, 5, 5, 5 7, 28, 48, 65 Nat. Mixed 
Forest 
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CHAPTER 2 
 
BIRD SPECIES TURNOVER IS RELATED TO CHANGING PREDATION RISK 
ALONG A VEGETATION GRADIENT 
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ABSTRACT 
Turnover in animal species along vegetation gradients is often assumed to reflect 
adaptive habitat preferences that are narrower than the full gradient.  Specifically, 
animals may decline in abundance where their reproductive success is low, and these 
poor-quality locations differ among species.  Yet habitat use does not always appear 
adaptive.  The crucial tests of how abundances and demographic costs of animals vary 
along experimentally manipulated vegetation gradients are lacking.  I examined habitat 
use and nest predation rates for 16 bird species that exhibited turnover with shifts in 
deciduous and coniferous vegetation.  For most bird species, decreasing abundance was 
associated with increasing predation rates along both natural and experimentally modified 
vegetation gradients.  This landscape-scale approach strongly supports the idea that 
vegetation-mediated effects of predation are associated with animal distributions and 
species turnover. 
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INTRODUCTION 
Classic and contemporary studies have documented turnover of animal species along 
environmental gradients (Kendeigh 1948, Odum 1950, Karr and Freemark 1983, 
Jankowski et al. 2009, Qian and Ricklefs 2012, Stegen et al. 2013).  Yet specific 
mechanisms by which habitat differentially influences abundances of species and causes 
turnover remain unclear.  Moreover, the ecological literature over the past 65 years has 
largely focused on potential causes of differences in overall biodiversity rather than the 
proximate causes of shifting abundances of individual species found along gradients (e.g., 
MacArthur and MacArthur 1961, Odum 1969, Karr and Roth 1971, Robinson and 
Terborgh 1997, Messmer et al. 2011).   
Animal species should be less abundant in habitat conditions where the 
probabilities of survival and reproduction are low, assuming abundance reflects adaptive 
habitat preferences (Fretwell and Lucas 1969, Martin 1998, Pulliam 2000).  If locations 
of these poor-quality habitats along a gradient differ among species, then adaptive habitat 
use might explain species turnover.  Correlations between habitat-specific fitness 
components and abundance of one or a few animal species have certainly been observed 
(Martin 1998, Morris and Davidson 2000, Martin 2001, Ries and Fagan 2003, Pidgeon et 
al. 2006).  However, data illustrating the way in which demographic parameters and 
abundance co-vary with habitat changes for a suite of species have not been published.  
Furthermore, habitat preferences are not always adaptive if cues used to make settlement 
decisions do not accurately reflect demographic consequences of settlement (Thompson 
et al. 1990, Arlt and Pärt 2007, Chalfoun and Schmidt 2012).  Non-adaptive habitat use 
might be common for many species along vegetation gradients because broad differences 
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in plant composition and structure provide animals with a multitude of habitat cues 
juxtaposed in space.  If non-adaptive habitat use is common, then habitat-specific fitness 
will likely have little influence on species distributions.   
 A useful system in which to examine species turnover with habitat change is 
provided by bird species breeding along a gradient from aspen (Populus spp.) to mixed 
conifer forest.  Aspens are among the most widely distributed deciduous trees in the 
world, and rapid replacement of aspen forest by conifers is occurring across the northern 
hemisphere (Romme et al. 1995, Latva-Karjanmaa et al. 2007, Rehfeldt et al. 2009).  This 
shift from aspens to conifers appears to facilitate an increase in conifer-dependent nest 
predators, which may increase nest predation rates (Tewksbury et al. 1998, Song and 
Hannon 1999, Goheen and Swihart 2005).  Nest predation is the major source of 
reproductive failure for birds and can strongly influence avian populations and habitat 
preferences (Wilcove 1985, Martin 1992, Martin 1998, Lloyd et al. 2005).   
 Vulnerability to risk may differ among bird species as a function of nest-site 
vegetation preferences.  Habitat preferences differ among species, and increased 
abundance of preferred nest-site vegetation in a forest stand or nesting territory might 
impede the ability of predators to find the nest (Martin 1993, Martin 1998, Chalfoun and 
Martin 2009).  For example, as conifers replace deciduous vegetation, nest predation 
might decrease for species that prefer coniferous nest sites while increasing for species 
that prefer deciduous nest sites.  If birds choose habitats with respect to risk, then bird 
abundances might inversely track these vegetation-mediated changes in nest predation 
along the gradient (Fretwell and Lucas 1969, Fontaine and Martin 2006).   
I used both observational and large-scale experimental approaches to test these 
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hypotheses.  I examined patterns in bird and nest-predator abundance as well as habitat 
use and nest-predation rates of birds breeding along a deciduous (aspen) to conifer 
gradient.  I also experimentally tested the effect of vegetation structure and composition 
on bird abundances as mediated by nest predation with a replicated landscape-scale 
removal of conifers from mixed aspen-conifer forest stands.  Observational analyses 
should provide inference on the effects of vegetation on bird species turnover because 
associated effects on nest predation were examined and nest predation is known to 
strongly affect bird populations (Wilcove 1985, Martin 1992, Martin 1998, Lloyd et al. 
2005).  However, correlational analyses may not uncover causation because other factors 
change along the gradient.  My experiment addresses this issue by directly testing 
vegetation as the cause of changes in nest predation and bird abundances.   
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METHODS  
This study was conducted from May 16 to August 15 of 2009-2013 on 19 forest stands 
that varied in relative composition of deciduous to coniferous vegetation across two sites 
in western Montana, USA (Appendix A).  One site contained five stands and was located 
in the Mount Haggin Wildlife Management Area approximately 18 km southeast of 
Anaconda, Montana, at 1750 m elevation.  A second site contained 14 stands and was 
located approximately 43 km northwest of White Sulphur Springs, Montana, on the 
Lewis and Clark National Forest and on adjacent private land at 1700-1850 m elevation.  
These two sites were 160 km apart but at the same elevation, both along north-facing 
slopes, and had similar vegetation communities.  Within sites, forest stands were between 
0.5 and 20 km apart.  Stands varied in size (mean = 8.0 ha, SD = 4.1 ha), but stand size 
was not associated with changing vegetation characteristics (see results).  Dominant 
canopy trees at both sites were aspen, Douglas fir (Pseudotsuga menziesii), lodgepole 
pine (Pinus contorta), and Engelmann spruce (Picea engelmannii).  The dominant 
understory woody species were saplings of canopy trees, common juniper (Juniperus 
communis), and a variety of deciduous shrubs such as Canada buffaloberry (Shepherdia 
canadensis), willow (Salix spp.), rocky mountain maple (Acer glabrum), and prickly rose 
(Rosa acicularis).   
 The gradient from deciduous to coniferous vegetation was surveyed with nested 
11.3 m and 5 m radius plots placed systematically on a 35 m × 35 m grid within each 
forest stand.  All woody stems > 50 cm tall were classified to species and one of five size 
classes (Martin et al. 1997).  Basal area of coniferous and deciduous trees (all shrubs and 
trees > 8 cm in diameter in the 11.3 m radius plot) and understory stems (all shrubs and 
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small trees < 8 cm in diameter in the 5 m radius plot) were calculated for each systematic 
vegetation plot (Appendix A).  These data were used in a principal components analysis 
(PCA) to determine the major axes of change in vegetation structure and composition.  
The first two principal components accounted for 68.6% of the total variation in basal 
area of deciduous and coniferous trees and understory stems.  These PC axes (PCconifer 
and PCdeciduous) were used in subsequent analyses.  
 I searched for nests of all breeding bird species in each forest stand.  Data from 16 
species were sufficient to estimate nest predation rates (Appendix B).  Vegetation plots 
centered at each nest (identical to the systematic vegetation plots) were used to quantify 
nest-site use, and these data were transformed on to the PC axes.  Territory habitat use 
was quantified by averaging across the nest-site vegetation plot and all available 
systematic plots within 50 m of the nest; approximating the mean radius of bird territories 
at my sites. 
 Bird and combined nest predator densities were estimated by spot-mapping 
territories in each forest stand (Svensson et al. 1970).  Changes in densities of birds and 
nest predators along both PC axes were examined with linear models.  Nest predation 
rates were determined by intensive nest monitoring following standard protocols (Martin 
and Geupel 1993).  Every attempt was made to locate nests within all territories identified 
by spot-mapping.  Changes in nest predation with both PC axes at stand, territory, and 
nest-site spatial scales were examined using logistic exposure models and data from 
1,067 nests (Shaffer 2004; Appendix C). 
 I examined the relationship between density and nest predation both among and 
within bird species.  Among species, standardized effect sizes (standardized regression 
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coefficients; Schielzeth 2010) describing the relative strength of vegetation’s effect on 
density and nest predation were calculated for each species.  I compared these effect sizes 
across species to assess if the relative strength of vegetation’s effect on nest predation and 
density were inversely related.  A negative relationship was expected because a given 
increase in nest predation should be associated with a relative decrease in density and 
vice versa.  I next examined within-species relationships between density and nest 
predation across forest stands to determine if abundances decreased as risk increased, 
suggesting preferences for low-risk habitat.   
 I conducted a landscape-scale experimental removal of conifer trees and shrubs 
from mixed conifer-aspen forest stands to test vegetation as the cause of observed effects 
on bird abundances and nest predation rates.  All conifer trees and most understory 
conifer shrubs were mechanically removed from within and 33 m around three forest 
stands at the Mount Haggin field site following the 2010 breeding season (see Appendix 
A for experimental stand details).  Five other stands were selected a priori to serve as 
controls, allowing a before-after-control-impact (BACI) experimental design.  Because 
this experimental treatment removed all coniferous vegetation, I also expected it to 
increase the abundance and density of smaller deciduous shrubs and trees that were early 
successional species (willows and aspens).  I therefore expected my landscape-scale 
habitat experiment to manipulate both PC axes and monitored effects of manipulation on 
those axes, densities and nest predation rates of birds, and nest predator densities (see 
Appendix D for detailed methods).  All analyses were conducted with R version 3.0.3 
and the ‘lmtest,’ ‘lme4,’ ‘lmerTest,’ and ‘repeated’ packages (Lindsey 2001, Zeileis and 
Hothorn 2002, Bates et al. 2014, Kuznetsova et al. 2014, R Core Team 2014).  
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RESULTS 
Two principal component axes cumulatively described 68.6% of the overall variation in 
vegetation among 860 systematic vegetation plots.  The first PC axis, PCconifer, described 
increasing basal area of conifer trees (loading = 0.648) and understory conifer stems 
(loading = 0.595) that were moderately associated with an increase in understory 
deciduous stems (loading = 0.416) and a small decrease in deciduous trees (loading = -
0.231).  The second PC axis, PCdeciduous, described increasing basal area of deciduous 
trees (loading = 0.748) and understory deciduous stems (loading = 0.626) that were 
moderately associated with a decrease in understory conifer stems (loading = -0.212).  
Forest stand size was not associated with PCconifer (r = -0.20, p = 0.41) or PCdeciduous (r = -
0.31, p = 0.20).  Centroids for systematic vegetation plots within each stand illustrated 
clear differences among forest stands along both PC axes (Fig. 1a).  Vegetation 
characteristics in the patch surrounding nest-sites and territories varied among bird 
species and illustrated differential use of the gradient (Fig. 1b, 1c).  Most observed niche 
differentiation occurred along PCconifer (Fig. 1b).    
 Densities of eight bird species declined as conifers increased along PCconifer, and 
densities of four species increased along PCconifer (Fig. 2a, Appendix E).  Densities 
increased with deciduous vegetation along PCdeciduous for six species (Fig. 2b).  Densities 
of two species (American robin and Lincoln’s sparrow) significantly declined along 
PCconifer and significantly increased along PCdeciduous (Fig. 2a, 2b), indicating strong 
preferences for conifer-free deciduous stands.  Density increased along both PC-axes for 
one species (dusky flycatcher), but the effect of PCdeciduous was stronger and the weaker 
effect of PCconifer was most likely due to the moderate increase in deciduous stems along 
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this axis (Fig. 2a, 2b, Appendix E).  Ultimately, the relative strength of association 
between bird density and vegetation varied substantially among bird species (Fig. 3a).  
Birds, of course, were not the only organisms to change density along the vegetation 
gradient.  Nest predator density increased with both PC axes (Fig. 2a, 2b) but was 
dominantly associated with PCconifer (Appendix E).   
 Average daily nest predation rates ranged from 0.0013 for red-naped sapsuckers 
to 0.041 for yellow warblers (Appendix F).  These daily nest predation rates represent a 
wide range in predation risk, equating to 5.5% of red-naped sapsucker nests and 63.4% of 
yellow warbler nests being depredated, assuming the observed average length of nest 
exposure (44 days for red-naped sapsucker and 23 days for yellow warbler). 
 Changes in nest predation along the gradient were associated with differences in 
nest-site vegetation preferences among bird species.  Nest predation rates decreased with 
increasing conifer vegetation along PCconifer for two species (chipping sparrow and ruby-
crowned kinglet, Fig. 3b) that predominantly nested in conifer-dominated sites (Fig. 1b).  
Nest predation rates increased along PCconifer for four species (Fig. 3b) that avoided 
nesting in conifer-dominated sites (Fig. 1b).  Nest predation rates decreased with 
increasing deciduous vegetation along PCdeciduous for six species (Fig. 3b), and five of 
these species nested in sites dominated by deciduous vegetation (Fig. 1b).  Nest predation 
for four remaining species appeared to increase (albeit non-significantly) along PCconifer 
(Fig. 3b), but relatively low nest predation rates for these species likely reduced my 
power to detect significant increases in nest predation.  Nest predation for almost all 
species showed stronger relationships with stand-scale vegetation rather than territory- or 
nest-site-scale vegetation (Appendix F).   
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 Among bird species, the relative change in density along a PC axis was strongly 
and negatively predicted by the relative change in nest predation (Fig. 3c).  This pattern 
was strong across species except for one outlier; dark-eyed junco.  Within bird species, 
densities declined with increasing predation rates for 11 of 16 species (Fig. 4, Appendix 
G).  Density decreased with nest predation, but non-significantly, for an additional three 
species (mountain bluebird, house wren, and western wood-pewee).  Lack of statistical 
power might be responsible for the non-significance of these three relationships given the 
relatively restricted distributions (Fig. 2a, Appendix C) and generally low nest predation 
rates (Appendix F) for these species.  Densities did not change with nest predation for the 
two remaining species (dark-eyed junco and red-breasted nuthatch) and, if anything, 
appeared to increase.   
 Landscape-scale experimental removal of conifers from forest stands reduced 
conifer vegetation (PCconifer) and increased deciduous vegetation (PCdeciduous) in treatment 
stands relative to control stands as expected (Fig. 5a).  Population densities for 11 bird 
species significantly changed following conifer removal (Fig. 5b, Appendix H).  Red-
breasted nuthatch density did not change along the vegetation gradient or following 
conifer removal, and I was unable to estimate a change in house wren density with 
conifer removal because they did not occur on treatment stands.  Nest predator density 
substantially decreased with conifer removal, suggesting that the effect of conifer 
vegetation on nest predator density is greater than the effect of deciduous vegetation 
observed in earlier analyses (see Fig. 2).  For the 15 bird species and combined nest 
predators in the conifer removal experiment, the relative change in each species’ density 
following conifer removal was strongly predicted by the relative change in density along 
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PC axes from observational analyses (Fig. 5c).  The one exception to this pattern, again, 
was dark-eyed junco.  Changes in nest predation following conifer removal (Fig. 5d, 
Appendix I) generally confirmed patterns observed along the vegetation gradient (Fig. 
3b) for those species with sufficient sample sizes of nests for analysis.  Sample sizes were 
too small either before or after conifer removal to estimate changes in nest predation for 
10 bird species.   
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DISCUSSION 
My documentation of decreasing bird abundance with increasing predation rates along an 
existing natural gradient, and verified on an experimentally modified gradient, suggest 
that vegetation-mediated effects of predation can underlie animal distributions (Grinnell 
1917, Hutchinson 1959, Leibold 1995, Soberón 2007).  Other experimental studies have 
documented relationships between predation risk and habitat selection by animals (Sih et 
al. 1985, Fontaine and Martin 2006, Forsman et al. 2013), but my study causally links 
changes in predation and abundances of multiple bird species to changes in vegetation.  
This result also provides a potential general explanation for bird species turnover along 
habitat gradients; turnover may generally reflect adaptive habitat preferences that are 
narrower than the full gradient.  This hypothesis is parallel to theory that demographic 
costs should increase near the boundaries of geographic species distributions (Pulliam 
2000) but has received mixed support from empirical studies of range limits (Sexton et al. 
2009).  Here, I demonstrate increasing nest predation for most but not all species studied 
near their distributional limits as well as low predation risk near the center of 
distributions.  Increasing predation rates near these distributional limits likely mean 
decreasing fitness given the strong influence of nest predation risk on avian population 
growth rates (Martin 1992, Lloyd et al. 2005, Zanette et al. 2011).   
 My results provide strong observational and weaker experimental evidence that 
predation influences avian distributions.  I experimentally manipulated vegetation 
structure and composition, and changes in nest predation appeared to be the proximate 
factor causing turnover.  I did not, however, directly manipulate density or predation risk, 
and the reasons why birds occupied habitats with high predation rates may have been 
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driven by other mechanisms including competition associated with density-dependent 
habitat selection (Fretwell and Lucas 1969, Morris 1989).  Yet some previous studies that 
directly manipulated predation risk independent of vegetation reported increased 
densities in low-risk treatments for multiple bird species (Duebbert and Kantrud 1974, 
Fontaine and Martin 2006), but this result is not universal among predator reduction 
studies (reviewed in Côté and Sutherland 1997).  While nest predation explains a large 
portion of variation in abundances of birds in my study, other biotic interactions such as 
adult survival or brood parasitism may explain the remaining variation in bird 
abundances.   
Vulnerability to predation risk differed among bird species and, in some cases, 
appeared to be mediated by differences in nest-site vegetation preferences.  Higher 
predation risk in conifers, which was observed for several bird species, was likely due to 
increased generalist predator density (i.e., Fig. 2).  Higher predation rates with increased 
predator density have been observed previously (Johnson and Geupel 1996, Tewksbury et 
al. 1998, Dececco et al. 2000, Vucetich et al. 2011).  However, predation rates decreased 
as generalist predator density increased for half of the bird species studied here.  
Increases in predator density were accompanied by increases in preferred nesting 
substrates that may ameliorate the impact of more predators (Martin and Maron 2012).  
For example, predation risk of chipping sparrows decreased as both predators and 
coniferous vegetation increased, and chipping sparrows preferred conifers for nest-sites.  
Greater availability of preferred nesting substrates may have better camouflaged nests or 
thwarted predators using a search image, thus offsetting the expected increase in 
predation risk from greater predator density (Martin 1993, Martin 1998, Chalfoun and 
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Martin 2009, Martin and Maron 2012).  Therefore, while my study suggests that 
predation risk can increase with predator density for some species, variation among 
species in micro-habitat use of the vegetation gradient determined differential 
vulnerabilities to predation risk despite substantial increases in predator density.   
 Predation risk appeared to underlie distributions for many species in my study.  
These results emphasize the importance of examining demographic consequences of 
habitat use when documenting species occurrence.  Most current distributional models of 
species occurrence do not account for varying demography across distributions (Pulliam 
2000, Soberón 2007).  Unpublished data assuming constant juvenile and adult survival 
indicate that birds in my system occupied, albeit at lower densities, locations where 
habitat-specific population growth rates (λ) should not be self-sustaining (i.e., λ < 1) due 
to excessive predation.  These results suggest that habitat-specific sustainability or 
population growth (λ ≥ 1) might require a narrower subset of conditions than those over 
which a species occurs (Pulliam 2000).  While it is not surprising that subsets of 
populations occupy low-quality habitats (e.g., Lloyd et al. 2005), these considerations are 
not often taken into account when predicting impacts of habitat modifications or 
forecasting future distributions with climate-envelope models (e.g., Svenning and Skov 
2004, Thomas et al. 2004).  However, my results do suggest that abundance or density 
might be a reliable indicator of the demographic consequences of habitat use in natural 
systems for many species.  I also caution that densities did not change with nest predation 
for all species in my study, and density is not always a reliable indicator of the 
demographic consequences of habitat use (reviewed in Chalfoun and Schmidt 2012).  
 I hypothesized that non-adaptive habitat use might be common for many species 
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along vegetation gradients because broad differences in plant composition and structure 
provide animals with a multitude of habitat cues juxtaposed in space.  This hypothesis 
was not supported by my results as most bird species had preferences for low-risk habitat 
(Fretwell and Lucas 1969, Pulliam 2000).  However, one species in particular, dark-eyed 
junco, did not decline in density despite significant increases in nest predation in both 
observational and experimental analyses.  While this pattern might indicate non-adaptive 
habitat use (Lloyd et al. 2005, Arlt and Pärt 2007, Betts et al. 2008), I did not measure all 
fitness components.  It is possible that habitat use of dark-eyed juncos might appear 
adaptive once changes in adult and juvenile survival and brood parasitism rates are 
accounted for.  Availability or quality of foraging sites might also increase in high-risk 
habitats for this species, but these factors were not examined here.  
 Understanding how broad changes in vegetation affect demographic 
consequences for animals is essential because human influences such as land 
management and climate change are believed to have accelerated shifts in forest 
composition around the world (Latva-Karjanmaa et al. 2007, Anderegg et al. 2012).  For 
example, gradual to severe aspen declines over the past 70 years have been noted in 
several regions across the northern hemisphere and are linked to conifer encroachment 
(Romme et al. 1995, Latva-Karjanmaa et al. 2007, Rehfeldt et al. 2009).  Seven species 
(American robin, dark-eyed junco, mountain chickadee, northern flicker, western wood-
pewee, yellow warbler, and yellow-rumped warbler) for which I document higher 
densities or lower nest predation in conifer-free aspen habitat are in regional decline 
(Sauer et al. 2012).  These population trends associated with widespread aspen decline 
are consistent with the low nest predation and species’ preference for deciduous habitat 
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revealed by my study.   
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FIGURES LEGENDS 
Figure 1. Characterization of vegetation composition and structure along two PC axes (a) 
within study forest stands, and (b) surrounding nest-sites and (c) within territories of birds 
in western Montana, USA.  Centroids (± 1 SE) are presented for each panel.  
 
Figure 2. Differences in population densities (territories/ha) of bird species and combined 
nest predators along two PC axes describing vegetation composition and structure in 
western Montana, USA. Only significant relationships (p < 0.05) are shown (see 
Appendix E). Dashed gray lines represent error (±1 SE) around these relationships. 
Densities of three bird species (dusky flycatcher, American robin, and Lincoln’s sparrow) 
and nest predators were significantly associated with both PC axes, and partial regression 
plots depicting relationships between density and one PC axis, while controlling for the 
other, are shown for these three species. 
 
Figure 3. Relative changes (standardized effect sizes ±1 SE) in (a) densities and (b) nest 
predation rates of bird species along two PC axes in western Montana, USA. For (a) and 
(b), ** = p < 0.05 and * = p < 0.10. (c) The relationship between relative changes in nest 
predation (from panel b) and relative changes in density (from panel a) along PC axes 
(each point represents one species).  
 
Figure 4. Relationships between densities and nest predation rates for each bird species 
across forest stands in western Montana, USA. Solid curves indicate a significant 
relationship (p < 0.05), and dotted lines indicate weak responses. Dashed gray lines 
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represent error (±1 SE) around relationships. Species are color-coded based on density 
responses along PC axes (see Fig. 3). 
 
Figure 5. Effects of experimental conifer removal (a) on PC axes (± 1 SE), and (b) bird 
densities as reflected by percent change (±1 SE) in before-after comparisons. (c) 
Correlation between effect sizes on bird and nest predator densities from conifer removal 
and standardized effect sizes from observational analyses (one point represents one 
species; see Fig. 3a). (d) Effects of experimental conifer removal on nest predation rates 
for the few species with sufficient sample sizes for tests. ** = p < 0.05; * = p < 0.10 for 
responses to conifer removal. Bird species are color-coded based on density responses 
from observational analyses (see Fig. 3).  
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Appendix A. Forest stands studied in western Montana, USA. Variables include stand area (ha), site (MTH = Mt. Haggin Wildlife Management 
Area, and L&C = Lewis & Clark National Forest), sample size of systematic vegetation plots (n), mean basal area density (m2/ha) of four variables 
used in PCA (conifer stems, conifer trees, deciduous stems, and deciduous trees), percent conifer composition, as well as mean (± SE) of PCconifer 
(PCcon) and PCdeciduous (PCdec) from each forest stand for observational analyses. Stands are arranged by increasing conifer composition (PCconifer).  
Forest 
Stand 
Area 
(ha) 
Site n 
Con. 
Stem 
Con. 
Tree 
Dec. 
Stem 
Dec. 
Tree 
% Con. PCcon 
PCcon 
SE 
PCdec 
PCdec 
SE 
I 2.20 L&C 19 0.03 0.14 3.62 18.80 0.8% -1.16 0.12 0.83 0.19 
G 11.83 L&C 77 0.05 2.58 0.95 15.44 13.8% -1.12 0.05 0.42 0.07 
H 3.92 L&C 25 0.19 0.29 2.16 11.70 3.3% -1.09 0.09 0.38 0.14 
A 12.13 L&C 68 1.42 0.49 0.61 5.29 24.4% -0.89 0.04 -0.58 0.05 
F‡ 7.20 L&C 24 1.05 0.53 2.24 10.42 11.1% -0.77 0.08 0.43 0.09 
B 18.13 L&C 102 3.11 1.00 0.43 5.02 43.0% -0.63 0.05 -0.79 0.05 
C 9.54 L&C 62 1.36 1.86 1.32 5.21 33.0% -0.55 0.06 -0.23 0.05 
2† 6.76 MTH 37 1.40 5.93 1.60 9.25 40.3% 0.06 0.12 -0.03 0.17 
1† 12.87 MTH 60 1.46 4.61 3.17 10.53 30.7% 0.21 0.08 0.62 0.11 
3‡ 6.71 MTH 43 0.73 7.62 4.15 11.40 34.9% 0.27 0.08 0.92 0.08 
1A† 6.78 MTH 38 2.24 4.16 3.07 7.73 37.2% 0.38 0.09 0.41 0.12 
E‡ 5.79 L&C 34 3.74 3.07 2.24 4.01 52.2% 0.43 0.07 -0.35 0.07 
D‡ 6.81 L&C 51 4.04 5.81 2.22 5.63 55.6% 0.63 0.06 -0.07 0.05 
N 6.65 L&C 45 5.09 4.10 3.37 5.29 51.5% 0.79 0.11 -0.09 0.13 
5‡ 9.01 MTH 45 2.09 11.16 3.20 5.84 59.4% 0.83 0.08 0.09 0.08 
O 1.50 L&C 13 6.32 9.25 2.82 3.59 70.8% 1.37 0.22 -0.27 0.22 
L 5.57 L&C 30 9.96 7.26 3.78 4.39 67.8% 1.46 0.16 -0.43 0.20 
Q 12.58 L&C 54 6.85 11.03 3.62 5.80 65.5% 1.54 0.10 0.14 0.10 
M 5.85 L&C 33 8.32 11.37 3.92 7.27 63.8% 1.70 0.14 0.34 0.12 
Total: 151.8  860          
 † Conifers were removed from stands in Fall 2010; only data from years prior to removal were used in observational analyses. 
‡ Control stands for conifer removal experiment; data from these stands were used in observational analyses.   
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Appendix B. Taxonomic information and codes used in Appendix C for bird species examined in this study from western Montana, 
USA. 
 
Family  Common name Scientific name code 
Picidae Red-naped Sapsucker Sphyrapicus nuchalis RNSA 
 Northern Flicker Colaptes auratus NOFL 
Tyrannidae Western Wood-pewee Contopus sordidulus WEWP 
 Dusky Flycatcher Empidonax oberholseri DUFL 
Vireonidae Warbling Vireo Vireo gilvus WAVI 
Paridae Mountain Chickadee Poecile gambeli MOCH 
Regulidae Ruby-crowned Kinglet Regulus calendula RCKI 
Troglodytidae House Wren Troglodytes aedon HOWR 
Sittidae Red-breasted Nuthatch Sitta canadensis RBNU 
Turdidae Mountain Bluebird Sialia currucoides MOBL 
 American Robin Turdus migratorius AMRO 
Parulidae Yellow Warbler Setophaga petechia YWAR 
 Yellow-rumped Warbler Setophaga coronata YRWA 
Emberizidae Lincoln's Sparrow Melospiza lincolnii LISP 
 Dark-eyed Junco Junco hyemalis DEJU 
 Chipping Sparrow Spizella passerina CHSP 
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Appendix C. Species-specific sample sizes of nests used in observational nest predation analyses within each forest stand in western Montana, 
USA.  Four-letter species codes can be found in Appendix B.  Forest stands are ordered according to increasing conifer composition (PCconifer) as 
in Appendix A. 
Forest 
Stand 
Site RNSA NOFL WEWP DUFL WAVI MOCH RCKI HOWR RBNU MOBL AMRO YWAR YRWA LISP DEJU CHSP 
I L&C 0 2 0 0 4 1 0 3 0 2 21 7 0 0 0 0 
G L&C 14 7 0 6 15 0 0 4 0 0 27 1 0 7 0 0 
H L&C 6 6 5 5 3 2 0 8 1 5 21 3 2 3 0 1 
A L&C 5 10 9 0 0 10 0 7 5 3 20 1 0 5 1 3 
F‡ L&C 1 1 0 16 14 0 0 0 1 1 33 0 3 6 0 2 
B L&C 19 12 8 0 0 7 2 1 2 8 13 0 0 8 2 1 
C L&C 8 8 10 10 11 7 3 7 2 7 30 0 1 3 4 8 
2† MTH 0 1 0 2 3 0 1 0 2 0 3 0 0 0 0 3 
1† MTH 0 0 0 9 7 4 2 0 2 0 11 2 1 3 4 5 
3‡ MTH 0 6 0 32 43 8 4 0 11 2 19 0 2 0 7 11 
1A† MTH 0 0 0 0 0 0 0 0 2 0 2 3 0 0 0 6 
E‡ L&C 0 0 0 18 0 0 2 0 0 0 13 0 2 0 5 2 
D‡ L&C 0 0 0 9 0 0 6 0 3 0 0 0 1 0 11 6 
N L&C 1 0 0 8 0 0 1 0 0 0 0 0 2 2 5 0 
5‡ MTH 9 0 0 16 27 9 2 0 3 0 30 1 2 4 9 7 
O L&C 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 1 
L L&C 0 0 0 6 0 0 1 0 0 0 3 0 0 0 0 0 
Q L&C 0 0 0 14 18 0 1 0 0 0 8 0 2 0 0 0 
M L&C 0 0 0 4 8 0 2 0 0 0 4 0 0 1 3 1 
Total:  63 53 32 155 153 48 27 30 34 28 258 18 18 42 51 57 
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Appendix D.  Detailed description of methods. 
Vegetation gradient 
To classify the gradient from deciduous to coniferous shrubs and trees, vegetation was surveyed 
by sampling 5 m radius plots nested within 11.3 m radius plots placed systematically along a 35 
m × 35 m grid within each forest stand, following the BBIRD protocol (Martin et al. 1997).  
Forest stands were defined as the area of a minimum convex polygon encompassing aspen forest 
bounded on all sides by any other vegetation type (Tewksbury et al. 1998).  All understory woody 
stems, including shrubs and young trees (>50 cm in height and <8 cm diameter at 10 cm height), 
were classified to species and one of two size classes (<2.5 cm, or 2.5-8 cm diameter at 10 cm 
height) in each 5 m radius plot.  Larger trees (>8 cm diameter at breast height, or DBH) were 
classified to species and one of three size classes (8-23 cm DBH, 23-38 cm DBH, or >38 cm 
DBH) in the 11.3 m radius plots.  Understory stem and tree basal areas were calculated using the 
mid-point DBH for each stem or tree size class.   
Measurements from all systematic vegetation plots within each stand were used in these 
analyses (total across stands = 860 vegetation plots; mean = 45 vegetation plots/stand; range = 
13-102 vegetation plots/stand).  Transition from deciduous to coniferous vegetation characterizes 
this system (Romme et al. 1995), and aspen and Douglas fir were the dominant deciduous and 
conifer trees; accounting for 83.6% and 77.8% of total deciduous and conifer tree basal area 
respectively.  Therefore, four vegetation variables (conifer tree basal area, understory conifer 
stem basal area, deciduous tree basal area, and understory deciduous stem basal area) were used 
in a PCA to determine the major axes of change in vegetation structure and composition.  The 
first two principal component (PC) axes from this analysis (PCconifer and PCdeciduous) accounted for 
68.6% of the variation among the 860 systematic vegetation plots and were used in all analyses 
below.   
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Local habitat use 
Nests of all bird species breeding at my study sites were searched for in all study forest stands.  I 
searched for nests of all breeding bird species in this system, but 16 species were selected for this 
study because I had collected sufficient sample sizes of nests to estimate nest predation rates for 
these species only (Appendices B, C).  To quantify variation in nest-site use, I recorded 
vegetation properties from plots centered at each nest (identical to the systematic vegetation plots 
above).  I used these data to calculate scores for each nest along the two PC axes.  Territory-scale 
habitat use was quantified by averaging PC scores across the nest-site vegetation plot and all (2-
4) systematic vegetation plots within 50 m of the nest.  This distance approximates the mean core 
radius of a nesting songbird territory at my sites.  Thus, there were a total of three to five 
vegetation plots per territory with one plot centered at the nest for territory-scale analyses. 
 
Bird and nest predator population densities 
Numbers of territories for each bird species were censused using a spot-map technique; each 
stand was visited every two days during the breeding season, allowing for careful assessment of 
all singing males and their territories (Svensson et al. 1970).  Bird density (territories/ha) was 
calculated for each species, and linear models were fit to describe densities along PC axes.  Year 
and site were random factors in all models to account for temporal and spatial autocorrelation.  
Models were selected based on a forward stepwise procedure, using likelihood ratio tests to test 
for a significant contribution of a given PC axis to the model compared to a null model.  Log-link 
functions were used instead of identity-link functions if bird density among stands was not 
normally distributed.   
 Red squirrel (Tamiasciurus hudsonicus), chipmunk (Tamias spp.), gray jay (Perisoreus 
canadensis), Steller’s jay (Cyanocitta stelleri), and common raven (Corvus corax) were potential 
nest predators in my study system.  All nests were filmed using hi-8 camcorders once during the 
early incubation stage and at least once during the nestling stage for 6 hours beginning at sunrise 
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to capture predation events and determine my suite of nest predators.  I then measured nest 
predator density in each study stand using a standardized spot-mapping technique because 
territories of most predators can be readily detected by alarm and territorial calls as well as 
middens of squirrels (Tewksbury et al. 1998).  I calculated combined nest predator density within 
each stand and fit linear models to describe differences in nest predator density along the PC axes 
as described above for bird species.   
 
Nest predation  
Nest predation rates were determined by intensive nest monitoring following standard protocols 
(Martin and Geupel 1993).  Every attempt was made to locate and monitor nests within all 
territories identified by spot-mapping.  Nests were classified as either depredated or not based on 
absence of nest contents when too young to have fledged, egg shells in the nest, disturbed nest 
lining, or video recordings of predation events.  These data were used to estimate daily nest 
predation rates with logistic exposure methods (Shaffer 2004).  Differences in nest predation rates 
with vegetation were calculated using data from 1,067 nests (Appendix C).   
Nest predation was modeled as a function of the PC axes at three spatial scales (forest 
stand, territory, and nest site).  Three spatial scales were tested because nest predation may be 
more strongly influenced by habitat characteristics at the nest or in the nesting territory than in the 
forest stand at large.  For each PC axis, stand-scale variables were calculated by averaging across 
all systematic vegetation plots in a forest stand, and territory and nest-site variables were 
calculated as described above (see Local habitat use).  All possible combinations of two PC axes 
with three spatial scales yielded six single-variable models describing differences in nest 
predation with vegetation for each species.  Year and site were used as random factors in all nest 
predation models to account for temporal and spatial autocorrelation, and territory- and nest-site-
scale models used forest stand as a random factor to account for sampling of territories and nests 
within stands.  For each model, likelihood ratio tests were conducted against a null model of 
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constant nest predation, and the best-fitting model was determined by these tests.   
 
Nest predation and density 
I examined the relationship between density and nest predation both among and within bird 
species.  Among species, standardized effect sizes (standardized regression coefficients; 
Schielzeth 2010) describing the relative strength of vegetation’s effect on density and nest 
predation were calculated for each species.  In most cases, a single PC axis explained variation in 
bird densities.  However, if the density of a species was associated with both PC axes, then the 
axis that also explained nest predation was selected for this analysis.  These standardized effect 
sizes were compared across species using a weighted least squares regression to assess if the 
relative strength of vegetation’s effect on nest predation was inversely related to the relative 
strength of its effect on bird density.  For this weighted regression, error weights were calculated 
as the combined inverse variance in each species’ estimates for vegetation effects on density and 
nest predation (i.e., 1/(SEdensity × SEpredation)) to account for variable error in these estimates across 
species. 
I next examined within-species relationships between density and nest predation to 
determine if bird abundances decreased as predation rates increased, suggesting preferences for 
low-risk habitat.  Nest predation rates were calculated for each study stand and regressed against 
density for each bird species.  Variables were square-root transformed and log-link functions 
were used if data were not normally distributed. 
 
Experimental conifer removal 
I conducted a landscape-scale experimental removal of conifer trees and shrubs from aspen stands 
to test vegetation as the cause of observed effects on bird abundances and nest predation rates.  
All conifer trees and most understory conifer shrubs were mechanically removed with chainsaws 
and small tractor-fellers from within and 33 m around three forest stands at the Mount Haggin 
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field site following the 2010 breeding season (see Appendix A for experimental stand details).  
Five other stands were selected a priori to serve as controls, allowing a before-after-control-
impact (BACI) experimental design.  Because this experimental treatment removed all coniferous 
vegetation, I expected it to also increase the abundance and density of smaller deciduous shrubs 
and trees that were early successional species (willows and aspens).  Therefore, I expected my 
landscape-scale habitat experiment to manipulate both PC axes and monitored effects of this 
manipulation on these axes as well as densities and nest predation rates of birds and nest predator 
density.   
 To test for a significant change following conifer removal in treatment stands corrected 
for any changes in control stands, a model with an interaction term between time (i.e., 
before/after removal) and treatment was tested against a null model with no interaction term using 
a likelihood ratio test.  Effects of the experiment on bird and nest predator densities (measured by 
partial η2) were compared to relative changes in densities from observational analyses using a 
weighted regression to assess whether the relative change in density among species observed 
along the gradient could predict responses to the experiment.  For this weighted regression, error 
weights were calculated as the combined inverse variance in each species’ estimates for the 
observed and experimental change in density (i.e., 1/(SEobserved change in density × SEexperiment change in 
density)) to account for variable error across species.  All statistical analyses were conducted with R 
version 3.0.3 and the ‘lmtest,’ ‘lme4,’ ‘lmerTest,’ and ‘repeated’ packages (Lindsey 2001, Zeileis 
and Hothorn 2002, Bates et al. 2014, Kuznetsova et al. 2014, R Core Team 2014). 
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Appendix E. Changes in density with both PC axes (PCconifer and PCdeciduous) for bird species and combined nest predators in western Montana, 
USA.  For each species, chi-squared statistics from likelihood ratio tests (χ2), p-value, standardized effect size (standardized regression coefficients 
±1 SE), and link function are presented. Significant effects (p < 0.05) are bolded and marginally significant effects (p < 0.10) are italicized. Bird 
species are ordered according to effect size of PCconifer and PCdeciduous (see Fig. 3a). 
 
Species 
PCconifer 
χ2 
p-value 
PCconifer 
Effect Size 
PCconifer 
Effect Size 
SE 
PCdeciduous 
χ2 
p-value 
PCdeciduous 
Effect Size 
PCdeciduous 
Effect Size 
SE 
Link 
Function 
House Wren 10.22 0.001 -0.552 0.133 0.21 0.643 --- --- log 
Western Wood-pewee 11.75 0.001 -0.531 0.116 0.17 0.677 --- --- log 
Mountain Bluebird 15.32 < 0.001 -0.377 0.070 1.01 0.315 --- --- log 
Northern Flicker 13.47 < 0.001 -0.367 0.074 0.10 0.749 --- --- log 
Red-naped Sapsucker 7.82 0.005 -0.315 0.112 3.24 0.072 0.193 0.112 identity 
Mountain Chickadee 4.52 0.033 -0.111 0.052 0.53 0.468 --- --- identity 
Red-breasted Nuthatch 2.54 0.111 -0.090 0.058 0.08 0.771 --- --- identity 
Ruby-crowned Kinglet 10.97 0.001 0.366 0.101 0.16 0.693 --- --- identity 
Chipping Sparrow 12.34 0.000 0.698 0.177 0.00 0.959 --- --- identity 
Dark-eyed Junco 14.18 < 0.001 0.748 0.172 0.00 0.944 --- --- identity 
Yellow-rumped Warbler 0.14 0.709 --- --- 3.96 0.047 0.209 0.105 identity 
Lincoln's Sparrow 9.49 0.002 -0.584 0.176 5.73 0.017 0.462 0.195 identity 
Yellow Warbler 3.02 0.082 -0.299 0.237 4.78 0.029 0.474 0.188 log 
Dusky Flycatcher 4.46 0.035 0.422 0.125 12.17 < 0.001 0.487 0.128 identity 
Warbling Vireo 0.03 0.859 --- --- 18.04 < 0.001 0.686 0.132 identity 
American Robin 11.08 0.001 --- --- 5.85 0.016 0.734 0.306 identity 
Combined Nest Predators 21.23 < 0.001 0.919 0.121 7.81 0.005 --- --- identity 
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Appendix F. Nest predation analyses for bird species in western Montana, USA. The χ2 statistic and corresponding p-value from likelihood ratio 
tests are presented for each PC axis (PCconifer and PCdeciduous), along with standardized effect sizes (standardized regression coefficients ± 1 SE), 
spatial scale of the relationship (forest stand, nesting territory, or nest-site), sample size of nests (n), and mean daily nest predation rate (DNPR) for 
each species. Significant effects (p < 0.05) are bolded and marginally significant effects (p < 0.10) are italicized. Bird species are ordered 
according to effect size of PC axes on density (see Appendix E). 
Species 
PCconifer 
χ2 
p-
value 
PCconifer 
Effect 
Size 
PCconifer 
Effect Size 
SE 
PCdeciduous 
χ2 
p-
value 
PCdeciduous 
Effect 
Size 
PCdeciduous 
Effect Size 
SE 
Scale n 
Mean 
DNPR 
House Wren 1.09 0.296 0.484 0.559 0.82 0.365 --- --- Stand 30 0.0015 
Western Wood-
pewee 
3.37 0.066 0.910 0.834 0.27 0.606 --- --- Stand 32 0.0039 
Mountain Bluebird 3.35 0.067 0.690 0.364 0.00 0.992 --- --- Stand 28 0.0028 
Northern Flicker 5.98 0.014 0.644 0.260 1.00 0.317 --- --- Stand 53 0.0047 
Red-naped 
Sapsucker 
2.91 0.088 0.490 0.295 0.21 0.648 --- --- Stand 63 0.0013 
Mountain Chickadee 1.87 0.172 0.378 0.261 0.77 0.381 --- --- Stand 48 0.0048 
Red-breasted 
Nuthatch 
1.10 0.295 0.131 0.122 0.56 0.453 --- --- Terr. 34 0.0016 
Ruby-crowned 
Kinglet 
3.86 0.049 -0.230 0.116 1.78 0.182 --- --- Stand 27 0.0094 
Chipping Sparrow 5.14 0.023 -0.468 0.208 0.56 0.453 --- --- Stand 57 0.0178 
Dark-eyed Junco 6.56 0.010 0.622 0.256 0.89 0.345 --- --- Terr. 51 0.0315 
Yellow-rumped 
Warbler 
3.93 0.047 0.043 0.022 4.95 0.026 -0.086 0.039 Terr. 18 0.0121 
Lincoln's Sparrow 0.24 0.626 --- --- 6.98 0.008 -0.350 0.147 Stand 42 0.0393 
Yellow Warbler 1.96 0.162 --- --- 9.19 0.002 -0.389 0.149 Stand 18 0.0409 
Dusky Flycatcher 2.97 0.085 0.116 0.070 6.88 0.009 -0.251 0.126 Stand 155 0.0161 
Warbling Vireo 1.94 0.164 --- --- 5.22 0.022 -0.373 0.167 Stand 153 0.0111 
American Robin 1.36 0.244 --- --- 5.00 0.025 -0.748 0.312 Stand 258 0.0385 
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Appendix G. Correlations between population density and nest predation rates for bird species breeding in western Montana, USA (see Fig. 4). 
The χ2 statistic and corresponding p-value from likelihood ratio tests are presented along with Pearson’s correlation coefficient (r), sample size of 
study forest stands (n), and link function. Significant effects (p < 0.05) are bolded and marginally significant effects (p < 0.10) are italicized. Bird 
species are ordered according to effect size of PC axes on density (see Appendix E). 
 
Species χ2 p-value r n Link Function 
House Wren 0.24 0.627 -0.21 5 identity 
Western Wood-pewee 0.61 0.435 -0.33 7 log 
Mountain Bluebird 2.64 0.105 -0.62 6 log 
Northern Flicker 10.45 0.001 -0.92 6 identity 
Red-naped Sapsucker 4.17 0.041 -0.70 11 log 
Mountain Chickadee 13.67 < 0.001 -0.87 13 identity 
Red-breasted Nuthatch 2.65 0.104 0.73 6 identity 
Ruby-crowned Kinglet 10.25 0.001 -0.89 8 log 
Chipping Sparrow 11.64 0.001 -0.73 15 identity 
Dark-eyed Junco 0.89 0.345 0.25 14 identity 
Yellow-rumped Warbler 5.25 0.022 -0.73 11 log 
Lincoln's Sparrow 14.45 < 0.001 -0.94 8 log 
Yellow Warbler 5.68 0.017 -0.92 7 log 
Dusky Flycatcher 4.17 0.041 -0.56 11 identity 
Warbling Vireo 4.21 0.040 -0.51 16 identity 
American Robin 4.94 0.026 -0.60 16 log 
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Appendix H. Conifer removal effects on densities of bird species and combined nest predators in western Montana, USA. For each species, the χ2 
statistic and corresponding p-value from likelihood ratio tests, which tested the significance of a treatment-by-time (before/after conifer removal) 
interaction compared with a null model, are presented.  Also presented are the estimated densities in treatment stands before and after conifer 
removal after correcting for changes in densities on control plots.  This difference was then transformed into a percent difference (% Change ±1 
SE), and partial η2 effect sizes are also presented. Significant effects (p < 0.05) are bolded and marginally significant effects (p < 0.10) are 
italicized. Bird species are ordered according to effect size of PC axes on density (see Appendix E). 
 
Species χ2 p-value Density Before Density After % Change % Change SE Partial η2 
Western Wood-pewee 5.40 0.020 0.00 0.10 100.0% 44.1% 0.50 
Mountain Bluebird 6.24 0.013 0.00 0.14 100.0% 40.6% 0.29 
Northern Flicker 4.21 0.040 0.07 0.17 61.1% 30.7% 0.24 
Red-naped Sapsucker 0.31 0.580 0.25 0.19 -22.4% 43.7% -0.18 
Mountain Chickadee 4.16 0.041 0.25 0.59 57.9% 29.4% 0.40 
Red-breasted Nuthatch 1.00 0.319 0.17 0.29 41.8% 43.9% 0.23 
Ruby-crowned Kinglet 4.53 0.033 0.45 0.03 -93.1% 44.8% -0.33 
Chipping Sparrow 6.60 0.010 0.68 0.08 -88.4% 35.1% -0.75 
Dark-eyed Junco 0.72 0.395 0.66 0.91 27.4% 34.2% 0.28 
Yellow-rumped Warbler 0.39 0.531 0.28 0.38 26.2% 44.7% 0.04 
Lincoln's Sparrow 4.33 0.037 0.06 0.26 78.7% 39.4% 0.53 
Yellow Warbler 5.26 0.022 0.00 0.08 100.0% 35.4% 0.67 
Dusky Flycatcher 3.41 0.065 0.45 1.04 56.6% 32.6% 0.62 
Warbling Vireo 10.22 0.001 0.53 1.00 46.5% 14.4% 0.72 
American Robin 11.62 0.001 0.33 0.65 48.9% 13.5% 0.77 
Combined Nest Predators 8.06 0.005 1.16 0.15 -87.5% 30.9% -0.83 
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Appendix I. Conifer removal effects on nest predation rates of bird species in western Montana, USA. For each species, the χ2 statistic and 
corresponding p-value from likelihood ratio tests, which tested the significance of a treatment-by-time (before/after conifer removal) interaction 
compared with a null model, are presented.  Also presented are the estimated daily nest predation rates (DNPR) in treatment stands before and 
after conifer removal after correcting for changes in nest predation rates on control plots.  This difference was then transformed into a percent 
difference (% Change ±1 SE). Sample size of nests for each species (n) is also provided. Significant effects (p < 0.05) are bolded and marginally 
significant effects (p < 0.10) are italicized. Bird species are ordered according to effect size of PC axes on density (see Appendix E). 
 
Species χ2 p-value DNPR Before DNPR After % Change % Change SE n 
Mountain Chickadee 1.62 0.203 0.022 0.002 -89.0% 69.6% 50 
Chipping Sparrow 2.57 0.109 0.013 0.038 66.0% 43.8% 33 
Dark-eyed Junco 3.91 0.048 0.037 0.013 -64.4% 34.9% 54 
Dusky Flycatcher 4.27 0.039 0.030 0.007 -77.9% 39.0% 106 
Warbling Vireo 12.60 0.000 0.026 0.001 -96.5% 29.4% 185 
American Robin 3.03 0.082 0.042 0.014 -67.4% 40.7% 124 
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CHAPTER 3 
 
COSTS OF FEAR: BEHAVIORAL AND LIFE-HISTORY RESPONSES TO RISK 
AND THEIR DEMOGRAPHIC CONSEQUENCES VARY ACROSS SPECIES 
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ABSTRACT 
Behavioral responses to reduce predation risk might cause demographic ‘costs of fear.’  
Costs differ among species, but a conceptual framework to understand this variation is 
lacking.  I use a life-history framework to tie together diverse traits and life stages to 
better understand interspecific responses and costs.  I used natural and experimental 
variation in predation risk to test phenotypic responses and associated demographic costs 
for 10 songbird species.  Responses such as increased parental attentiveness yielded 
reduced development time and created benefits such as reduced predation probability.  
Yet, responses to increased risk also created demographic costs by reducing offspring 
production in the absence of direct predation.  This cost of fear varied widely across 
species, but predictably with the probability of repeat breeding.  Use of a life-history 
framework can aid our understanding of potential demographic costs from predation, 
both from responses to risk and from direct predation.   
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INTRODUCTION 
Organisms across taxa adjust behaviors and life-history traits in response to increased 
perceived risk of predation (e.g., Werner et al. 1983; Lima & Dill 1990; Kotler et al. 
1991; Fontaine & Martin 2006).  Behavioral and life-history responses to risk are 
expected to decrease the probability of mortality from direct predation (Creel & 
Christianson 2008; Martin & Briskie 2009).  This crucial benefit can be offset by 
demographic costs resulting from responses to risk (Karels et al. 2000; Nelson et al. 
2004; Preisser et al. 2005; Hodges et al. 2006).  Yet evidence for these ‘costs of fear’ 
(sensu Martin 2011) comes predominantly from artificial invertebrate and aquatic 
systems (Preisser et al. 2005).  Moreover, single-species tests indicate that costs can vary 
substantially across species (Barry 1994; Morrison 1999; Eklöv & VanKooten 2001; 
Downes 2001; Zanette et al. 2011; Hua et al. 2014), although the extent to which 
differences in methodological approach among investigators contribute to this variation is 
unknown.  Comparative studies of species exposed to increased perceived predation risk 
in a standardized way are needed to better understand the extent of variation in costs 
among species. 
An ecological and life-history framework may help to understand why species 
may differ in their costs of fear (Clark 1994; Relyea 2001; Martin & Briskie 2009; 
Boonstra 2013).  For example, life-history and ecological (e.g., nest types) differences 
among species create differences in average predation rates (Martin 1995; Fontaine et al. 
2007).  Demographic costs of fear might increase with average predation rates across 
species because the magnitude of behavioral responses to risk can increase with average 
predation rates across species (Sih 1987; Lima & Dill 1990; Relyea 2001; Martin & 
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Briskie 2009; Ghalambor et al. 2013).  Yet other aspects of life histories may also 
influence relative costs among species.  For example, length of development time can 
influence predation rates because it is a time-dependent source of mortality (Martin 1995; 
Warkentin 1995; Arendt 1997; Chivers et al. 2001), such that responses to alter 
development time may affect demographic costs.  Offspring size or number may be 
adjusted with subsequent consequences for offspring production (e.g., Zanette et al. 
2011).  Yet, the relative costs of reduced numbers of offspring in a current attempt may 
be offset by repeat breeding (Williams 1966; Clutton-Brock 1984; Slagsvold 1984; Clark 
1994; Martin & Briskie 2009; Boonstra 2013).  Adults of species with a higher 
probability of repeat breeding have greater residual reproductive value and may respond 
to risk in a way that reduces reproductive effort in the current attempt and increases the 
odds of surviving to the next breeding attempt (asset protection principle; Clark 1994).  
This alternative is unexamined but, if supported, would change the way we understand 
variation in behavioral responses to risk and associated demographic costs. 
 Breeding songbirds provide an excellent system for examining differences in 
phenotypic and demographic responses to predation risk across species.  Songbird species 
differ strongly in average nest predation rates and the propensity to nest multiple times 
per year (Nice 1957; Martin 1995).  Moreover, songbird species differ in food delivery 
rates to offspring, growth strategies, incubation behaviors, clutch size and egg size 
(reviewed in (Martin & Briskie 2009).  Shifts in these traits in response to predation risk 
may vary among species depending on average predation rates (Slagsvold 1984; Clark 
1994; Cheng & Martin 2012; Ghalambor et al. 2013).  For example, parent birds feed 
offspring less often with increased risk to reduce the likelihood that a visually-oriented 
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predator will detect their nest or because they forgo foraging for vigilance (Skutch 1949; 
Lima & Bednekoff 1999; Martin et al. 2000; Ghalambor & Martin 2001).  Fewer feeding 
trips led to offspring starvation in one species (Zanette et al. 2011) but not in another 
(Hua et al. 2014).  Extent of such responses and consequences may vary with other life 
history traits such as the propensity for repeat breeding within a year.  Species that nest 
more times per year might reduce reproductive effort more for a current clutch (i.e., 
fewer or smaller eggs) in risky habitat to save resources for later nesting attempts 
(Slagsvold 1984; Zanette et al. 2006).  In the end, comparisons among species of the 
demographic consequences of behavioral responses to increased predation risk need to be 
examined in the context of this life-history approach.   
 I used observational and experimental approaches to investigate the extent of 
variation across songbird species in their responses to increased risk and associated 
demographic costs.  I first examined behavioral and life-history responses and 
demographic costs from nests that were not consumed by predators along natural nest 
predation risk gradients for 10 songbird species.  I also experimentally elevated perceived 
risk with predator playbacks for four bird species to directly test predation risk as the 
cause of trait responses and associated demographic costs.  I examined the variation in 
extent of responses and demographic costs with respect to background predation rates 
and life-history strategies.  I use this study to provide an initial synthetic framework to 
integrate diverse traits and life stages to better understand the variation in responses to 
perceived predation risk and associated demographic costs across species. 
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METHODS 
Natural nest predation gradients 
This study was conducted from 16 May to 15 August, 2009-2014, within 20 forest stands 
that varied in relative composition of deciduous to coniferous vegetation in western 
Montana, USA (LaManna et al. 2015).  Nest predation rates varied along this vegetation 
gradient for all 10 bird species, but some species had higher nest predation rates in 
conifer vegetation while others had higher nest predation rates in deciduous vegetation 
(Appendix A; LaManna et al. 2015).  Thus, nest predation risk varied across species in 
opposing directions along the environmental gradient, providing a strong natural back-
drop for testing phenotypic responses to and demographic costs from nest predation risk 
across species.   
I searched for nests of all bird species.  I obtained sufficient data for 10 single- 
and double-brooded species to estimate variation in reproductive traits along the natural 
risk gradients (Appendix B; Appendix C; LaManna et al. 2015).  Single-brooded species 
have a lower probability of future breeding than double-brooded species because the 
probability of surviving to the next breeding season is quite low (~40–50%) compared to 
the probability of survival during the breeding season (~99%; Sillett & Holmes 2002).  If 
nests of single-brooded species are depredated, they will only attempt to re-nest one or 
two times per year while double-brooded species will generally re-nest as many times as 
possible within a breeding season (T.E.M., J.A.L., pers. obs.).  Thus, the probability that 
a single-brooded species will re-nest again is much lower than for a double-brooded 
species, yielding higher residual reproductive value for the double-brooded species.   
I visited each nest every two days to measure nest predation rates, but I visited 
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nests twice daily around critical transition dates (e.g., during egg laying, hatching, and 
fledging) to accurately measure incubation and nestling period lengths as well as egg and 
nestling ages.  Red squirrel (Tamiasciurus hudsonicus), chipmunk (Tamias spp.), gray jay 
(Perisoreus canadensis), Steller’s jay (Cyanocitta stelleri), and common raven (Corvus 
corax) were potential nest predators in my study system.  I measured the following traits 
at each nest: clutch size (number of eggs per nest), egg mass (g), clutch mass (product of 
clutch size and egg mass), nest attentiveness (proportion of time parents incubate eggs), 
incubation period length (number of days from last egg laid to last egg hatched), hatch 
success (proportion of eggs laid that hatched), number of hatchlings (number of eggs that 
hatched), total provisioning rates (total parent feeding visits/hr), nestling survival 
(number of fledglings per hatchling), nestling period length (number of days from last 
egg hatched to the time the last fledgling leaves the nest), and number of fledglings.  I 
also calculated changes in probability of nest predation due to any observed changes in 
nesting (i.e., incubation and nestling) period lengths.   
I assessed the number of young fledged from each nest based on the number of 
fledglings fed by parents after leaving the nest and based on the count of nestlings in the 
nest within two days of fledging.  Parental behavior at the nest was measured by filming 
nests with camouflaged hi-8 video camcorders (Sony Corporation, Tokyo, Japan) for six 
hours beginning within 30 min of sunrise at standardized ages during incubation (second 
day of incubation) and nestling stages (day when pin-feathers break their sheaths) (Martin 
et al. 2007; Cheng & Martin 2012).  I calculated per-nestling feeding rates by dividing 
the total parental provisioning rate by the number of young in each nest.   
I also calculated nestling growth trajectories.  I measured nestling mass (g), 
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nestling wing chord length (mm), and nestling tarsus length (mm) for the first three days 
after hatch and every other day thereafter.  Mass measurements of eggs and young were 
taken with GemPro electronic scales (0.001 g resolution; model 250, MyWeigh, Phoenix, 
Arizona, USA), and size measurements were taken with Mitutoyo digital calipers (0.01 
mm resolution; model 500-196-30, Mitutoyo, Aurora, Illinois, USA).   
 
Experimental Increase in Perceived Risk  
I experimentally increased perceived nest predation risk over the entire nesting period for 
four of the 10 species during 2012-2014 (Appendix B) and compared responses to control 
nests paired by date and location.  I identified experimental nests during the early nest-
building stage, and placed three speakers (Eco Extreme by Grace Digital, San Diego, 
California, USA) with MP3 players (Sansa Clip by SanDisk, Milpitas, California, USA) 
around each nest for six hours beginning within 30 minutes of sunrise.  I used speakers 
two of every three days, placed speakers in new locations each day (within 8-10 m of the 
nest), and randomized when speakers played vocalizations in order to reduce habituation 
to playbacks and to attempt to simulate naturally high levels of risk.  To approximate a 
natural increase in risk, playbacks were only conducted in forest stands with lower 
average predation rates (Appendix A) and playback vocalization rate was tailored to 
match predator vocalization rates in riskier forest stands (Appendix D).  Each speaker 
played the same ratio of one min vocalizations to 11 min silence, but this was a total of 3 
min of vocalizations across all three speakers for every 12 min.  I used identical methods 
for playbacks at spatially and temporally paired control nests, except playbacks at 
controls were from non-threatening species (Appendix E).  I used 158 one-minute-long 
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recordings of calls and sounds from nest predators and non-threatening species 
(Appendix E).  Playback experiments started in early nest building and continued until 
the nest was depredated or fledged young.  I collected identical parental care and nestling 
growth data from treatment and control nests as was collected from nests along risk 
gradients.  I also documented if/when nests were abandoned.  Only nests found within 
two weeks of average nest initiation for a given species were used in this experiment.   
 
 
Statistical Analyses 
Along natural risk gradients, I first calculated species-specific nest predation rates for 
each forest stand, Julian date, and year using logistic exposure.  I then assigned each nest 
a risk level equivalent to the average nest predation rate of nests of the same species in 
the same forest stand, year, and time of year.  These were measures of the perceived level 
of predation risk in each stand specific to each year and the time of year.  I used linear 
mixed models to test for relationships between this measure of nest predation risk and all 
measured reproductive traits for each species with year, forest stand, and nest as random 
factors.  I compared different models that included nest predation risk, Julian date, clutch 
size, and egg and nestling age as fixed effects to a null model that contained no fixed 
effects (see Appendix F for model lists).  Age was included for models describing egg 
mass, nestling growth, and parental provisioning rates because these are known to change 
predictably with age.  For nestling mass, tarsus size, and wing chord length, I examined 
changes in growth rates (K), the timing of growth (inflection time, or ti), and asymptotic 
size (A) with increased nest predation risk using nonlinear mixed models that estimated 
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changes in growth as a direct function of variation in predation risk.  I compared models 
using Akaike’s information criterion (AICc) and evaluated if 95% confidence intervals 
(CI) of covariates in top-ranked models included zero and assessed cumulative model 
weight support for each model covariate.  Analyses along risk gradients were only 
conducted for traits sampled from at least five nests of a given species.  I also measured 
effects of any observed changes in incubation or nestling periods on direct predation 
probability.  
I conducted a meta-analysis to determine if behavioral and life-history responses 
to risk and demographic costs were consistently repeated across species.  Statistical 
power might not be strong enough to detect a common risk response or cost of fear within 
one species.  Thus, I increased my power to detect generalized risk responses and costs 
by calculating average standardized risk responses and costs across all 10 species.  
Intercept-only ANOVA models calculated these average responses and costs across 
species and were weighted according to the error around the standardized effect size of 
each species’ response to risk (standardized regression coefficients sensu Schielzeth 
2010).  I evaluated if these average effect sizes were significantly different from zero, 
indicating a generalized risk response or demographic cost across species. 
I also measured effects of any observed changes in incubation or nestling periods 
on the probability of direct predation.  Predation is a time-dependent source of mortality 
and any changes in incubation or nestling period length should reduce overall predation 
probability.  I took measured daily nest survival rates to the power of the length of the 
nesting cycle using incubation and nestling period lengths from either end of the natural 
risk gradient (most safe and most risky habitat) as well as control and treatment 
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incubation and nestling period lengths.  I then subtracted predation probability using 
incubation and nestling period lengths in safe and risky habitat to get the change in 
predation rate due to the shortening of the nesting period.   
I expected changes in nest attentiveness with risk to be negatively correlated with 
changes in incubation period length across species (Martin et al. 2007).  I also expected 
changes in nest attentiveness with risk to be negatively correlated with changes in egg 
mass across species because parents may need to provide extra provisions to eggs 
developing at colder temperatures (Martin 2008).  I therefore evaluated correlations 
among their standardized effect sizes across species with weighted ANOVA models 
identical to those described for meta-analyses above.  I also evaluated the relative 
sensitivity of mass, wing, and tarsus growth to changes in per-nestling feeding rate by 
comparing correlations between changes in per-nestling feeding and the corresponding 
change in mass, wing and tarsi growth rates.  I evaluated all of these across-species 
correlations with weighted ANOVA models as described above.   
I used linear models that accounted for phylogenetic history to test for an 
association between the magnitude of a given risk response or demographic cost 
(absolute value of the standardized effect size, or standardized regression coefficients; 
Schielzeth 2010) and the average nest predation rate of a species.  I also tested if 
behavioral responses to risk and associated costs varied across species with different 
probabilities of future breeding (i.e., double- or single-brooded) using an identical 
phylogenetically-informed model.   
I tested for differences between treatment and control nests in the predation risk 
experiment for each reproductive trait using ANOVA with a random factor of year.  
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Significance tests were only performed when there was a total sample size (treatment and 
control) of at least six nests.  Separate tests were conducted for each species in the 
experiment.  I tested for differences in growth (K, ti, and A) of mass, wings, and tarsi 
between treatment and control nests using nonlinear mixed models.  Finally, I evaluated 
if nestlings prioritized growth of wings or tarsi by measuring the change in the ratio of 
wing or tarsus growth rates to mass growth rate in response to experimental increases in 
predation risk (sensu Cheng & Martin 2012).   
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RESULTS 
Natural Risk Gradients 
Tests were based on 1,014 nests of 10 songbird species along natural risk gradients 
(Appendix B).  Not only did risk vary within each species (Appendix A), but average 
daily nest predation rates also varied substantially among species (Fig. 1a).  These 
differences in predation rates across species (Fig. 1a) meant that 20% of warbling vireo 
nests and 70% of Lincoln’s sparrow nests were likely to be depredated given average 
nesting period lengths.   
 Parents responded to increased perceived predation risk during embryonic 
development by adjusting behaviors that led to changes in developmental rates (Fig. 1).  
Bird species generally responded to increased risk by increasing incubation attentiveness 
(Fig. 1b; Appendix G; mean effect size ± SE = 0.37 ± 0.07, P = 0.001) and shortening 
incubation periods (Fig. 1d; mean effect size ± SE = -0.70 ± 0.09, P < 0.001).  Greater 
increases in nest attentiveness along risk gradients were associated with greater 
reductions in incubation period across species (Fig. 1e; r2 = 0.728, P = 0.03).  Double-
brooded species also increased nest attentiveness slightly more than single-brooded 
species in response to increased risk (effect size ± SE = -0.25 ± 0.13, P = 0.089).  This 
behavioral response to risk led to a slightly larger reduction in probability of direct 
predation for double- than for single-brooded species (effect size ± SE = 0.03 ± 0.01, P = 
0.09), with a reduction in direct predation probability by as much as 6.4% along the 
natural risk gradient.  Thus, birds responded to increased risk by increasing the 
proportion of time spent incubating eggs and shortening embryonic development to 
thereby reduce the time-dependent risk of nest mortality.  Moreover, this benefit differed 
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among species as a predictable function of the probability of repeat breeding. 
 Parent birds also adjusted the size and/or number of eggs per clutch with 
increased risk.  Clutch size increased with risk for three species, decreased for one 
species, and did not change for six species, yielding no general response across species 
(mean effect size ± SE = 0.10 ± 0.08, P = 0.223).  However, nearly all species altered egg 
size with risk (effect size ± SE = 0.68 ± 0.13, P = 0.001), with five of six single-brooded 
species increasing egg mass and all four double-brooded species decreasing egg mass 
(Fig. 1c).  Changes in egg mass with increased risk were therefore significantly different 
among single- and double-brooded species (effect size ± SE = 0.69 ± 0.13, P = 0.001).  
Changes in egg mass were not associated with changes in clutch size (r2 = 0.037, P = 
0.59), but were marginally and negatively associated with changes in nest attentiveness 
(r2 = 0.324, P = 0.09).  Clutch mass (clutch size × egg mass) increased for single-brooded 
species and decreased for double-brooded species (effect size ± SE = 0.81 ± 0.20, P = 
0.004).  Thus, behavioral and life-history responses to increased predation risk during 
embryonic development reduced direct predation probability and differed among species 
as a function of their residual reproductive value. 
 Parents also adjusted feeding rates in response to increased perceived risk, which 
affected nestling growth rates (Fig. 2).  Five species had declines in total parental 
provisioning trips in riskier habitat, and the effect was marginal across species (Fig. 2a; 
mean effect size ± SE = -0.16 ± 0.09, P = 0.098).  These declines in total food delivery 
rates combined with declines in number of young to feed (Fig. 3) to yield a mild 
reduction in per-nestling feeding rates across species (Fig. 2b; mean effect size ± SE = -
0.13 ± 0.07, P = 0.094).  Changes in body-mass growth rates along risk gradients were 
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strongly and positively associated with changes in per-nestling feeding rates across 
species (Fig. 2c).  Despite changes in nestling body growth rates, nestling period length 
did not vary with risk for any species.  Changes in tarsus growth rates showed a tendency 
to increase with per-nestling feeding (Fig. 2d).  In contrast, changes in wing growth rates 
show no relationship with changes in feeding rate (Fig. 2e; Appendix H).  Three of three 
species that significantly reduced mass growth rates along risk gradients did not reduce 
wing growth rates (Appendix H).  Therefore, species with reduced per-nestling feeding 
rates and body-mass growth in riskier habitat nonetheless maintained growth rates of 
wings.   
The number and survival of offspring changed along natural risk gradients (Fig. 
3).  While bird species showed no generalized response of clutch size to increased risk 
(Fig. 3a), the proportion of eggs that hatched (hatch success) was generally lower in 
riskier habitat across species (Fig. 3b; mean effect size ± SE = -0.22 ± 0.10, P = 0.046).  
Changes in clutch size and hatch success led to a significant decline in the number of 
hatchlings along risk gradients within four species (Fig. 3c).  Increased risk was also 
associated with a general decrease in nestling survival in the absence of predation across 
species (Fig. 3d; mean effect size ± SE = -0.28 ± 0.10, P = 0.020).  Most critically from a 
demographic standpoint, reductions in hatch success (Fig. 3b), numbers of hatchlings 
(Fig. 3c) and nestling survival (Fig. 3d) combined to reduce reproductive success (i.e., 
number of fledglings from nests that escaped predation) in high-risk habitat across 
species (Fig. 3e; mean effect size ± SE = -0.49 ± 0.16, P = 0.014).  These demographic 
costs of fear were especially severe for four species (MacGillivray’s warbler, Swainson’s 
thrush, American robin, and white-crowned sparrow) and less severe for other species 
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(Fig. 3e).  Neither the magnitude of behavioral and life-history responses to risk 
(Appendix I) nor the severity of demographic costs from these responses (Fig. 3f; r2 = 
0.016, P = 0.726) were related to average background predation rates across species.  
Potential connections and observed correlations among trait responses to risk revealed 
that behavioral responses differed across life stages and interacted with other behavioral 
and life-history responses to determine reproductive success (Fig. 4). 
 
Experimental Increase in Perceived Risk 
The causal basis of phenotypic changes to risk along the natural risk gradient were 
largely confirmed by my experimental increase of perceived risk at 95 nests (Fig. 5, 6; 
Appendix J).  Experimental increases in risk yielded increased attentiveness and reduced 
incubation periods by a day or more for all four species tested (Fig. 5a, 5b).  Multiplying 
daily mortality probabilities of each species against these decreases in incubation period 
length indicated that cumulative probabilities of nest mortality were reduced by 3.8% to 
11.3%.  Experimentally increased risk did not affect clutch size (Fig. 5c).  However, egg 
mass increased with risk for single-brooded (dusky flycatcher and Swainson’s thrush) 
and decreased for double-brooded (chipping sparrow and dark-eyed junco) species (Fig. 
5d), as observed along natural risk gradients (Fig. 1c).   Nest abandonment rates prior to 
egg laying and in early incubation were higher under experimentally elevated risk for 
three species (Fig. 5e), indicating that birds assess and respond to risk even in the earliest 
nesting stages.   
Number of hatchlings did not decline with experimental increases in risk for three 
of the four species (Fig. 5c), whereas it was a more general effect along natural risk 
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gradients (Fig. 3c).   Swainson’s thrush, the one species that showed a tendency for 
reduced number of hatchlings (Fig. 5c), showed a similar response along natural risk 
gradients (Fig. 3c).  Experimentally-elevated risk caused the thrush and one other species 
(chipping sparrow) to decrease total parental provisioning trips (Fig. 6a).  The decline in 
total feeding rate was associated with declines in per-nestling feeding in the sparrow, but 
the reduction in hatchling numbers for Swainson’s thrush yielded an increase in per-
nestling feeding (Fig. 6b).   
 Nestling growth strategies for some species changed with experimental increases 
in risk across species (Fig. 6) similar to natural risk gradients.  Specifically, dusky 
flycatcher and dark-eyed junco nestlings maintained growth rates of wings and tarsi while 
mass growth rates declined with elevated risk (Fig. 6c-e).  Dark-eyed junco nestlings 
increased the ratio of wing to mass growth rate (F = 7.13, P = 0.04) and the ratio of tarsus 
to mass growth rate (F = 6.87, P = 0.04) with increased risk.  In contrast, chipping 
sparrows reduced tarsi growth rates, but not mass or wing growth rates, with 
experimentally elevated risk (Fig. 6c-e).  I did not have sufficient data to analyze growth 
rates for Swainson’s thrush nestlings.  Thus, species differed in their growth responses to 
experimentally increased risk, but generally appeared to maintain growth of wings 
despite slower growth of mass or tarsi.   
 Numbers of fledglings from successful nests were unaffected by experimental 
increases in risk for three species (Fig. 5c), but these species did not show severe 
demographic costs of fear along natural risk gradients either (Fig. 3).  Experimental 
increases in risk only reduced number of fledglings for Swainson’s thrush.  While sample 
size was low for this species, the decline in reproductive success was large (-1.5 
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fledglings, or 43% decrease in reproductive output) and entirely due to decreased hatch 
success and not reduced nestling survival (Fig. 5c).  Swainson’s thrush also had strong 
demographic costs along the natural risk gradient (Fig. 3).  Thus, experimentally induced 
demographic costs of fear differed among bird species, but these differences were 
consistent with costs of fear observed along natural risk gradients. 
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DISCUSSION 
Demographic costs from increased perceived predation risk varied strongly across my 10 
study species and verified that variation in demographic costs observed in other taxa 
(e.g., Barry 1994; Morrison 1999; Downes 2001; Eklöv & VanKooten 2001; Preisser et 
al. 2005; Zanette et al. 2011; Hua et al. 2014) are not simply methodological 
artifacts.  This variation highlights the importance of understanding why species differ in 
both their responses to perceived risk and associated costs.  Attempts to explain variation 
in responses and costs from risk among species are rare, but when considered, the focus 
has been on variation in differences in predation rates across species (Sih 1987; Lima & 
Dill 1990; Relyea 2001; Martin & Briskie 2009; Ghalambor et al. 2013).  Yet the 
magnitude of responses to risk and the severity of costs did not increase with average 
predation rates across species (Fig. 3f).  This result suggests that demographic costs of 
fear may have proportionately less influence on overall reproductive success in species 
with higher rates of direct predation (Creel & Christianson 2008; Martin & Briskie 2009).   
Instead, I show for the first time that responses to perceived risk and associated 
costs differ based on residual reproductive value (Williams 1966; Clutton-Brock 1984; 
Clark 1994) as represented by repeated breeding probability.  Species with higher 
probability of repeat breeding reduced investment in propagules and increased parental 
attentiveness, which yielded shorter development periods and reduced time-dependent 
predation probability (Appendix I, Fig. 4).  Reductions in direct predation probability 
from behavioral responses to risk are important because they offset demographic costs 
from those responses (i.e., fewer offspring).  Therefore, species with higher residual 
reproductive value appear to respond to increases in perceived predation risk in a way 
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that increases their ability to reproduce again (also Slagsvold 1984) while minimizing 
costs.   
Behavioral responses to perceived predation risk also differed across life stages, 
and these behaviors interacted with one another to determine offspring development and 
growth rates, offspring survival, predation probability, and reproductive success (Fig. 4).  
Responses such as increased parental attentiveness yielded reduced development time 
and created benefits in terms of reduced predation probability.  Shorter embryonic 
periods along natural risk gradients and in response to experimentally increased 
perceived risk reduced predation probability by as much as 6.4% and 11.3%, 
respectively.  To my knowledge, this is the first documentation of faster development in 
response to increased risk within terrestrial species (Fig. 1d), although faster embryonic 
development with increased risk has also been observed for amphibian eggs (e.g., 
Warkentin 1995; Chivers et al. 2001).  Previous studies have largely focused on the 
demographic costs of fear (Karels et al. 2000; Nelson et al. 2004; Preisser et al. 2005; 
Hodges et al. 2006), but my results suggest that responses to risk do not solely create 
costs.  Responses to risk also create benefits by reducing risk through mechanisms such 
as reducing development time and exposure to risk, and such benefits should be 
necessary for the evolution of these responses.   
Other behavioral responses to increased risk, such as reduced parental 
provisioning, likely also reduce the probability of direct predation (Skutch 1949; Sih 
1987; Lima & Dill 1990; Lima & Bednekoff 1999; Martin et al. 2000; Brown & Kotler 
2004; Eggers et al. 2005).  However, reduced feeding rates also yielded costs manifested 
as slower offspring growth and reduced survival in the absence of direct predation (Fig. 
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4), as also observed in fish (Werner et al. 1983), snails (Crowl & Covich 1990), 
amphibians (Skelly & Werner 1990), insects (Ball & Baker 1996), and birds (Massaro et 
al. 2008).  Wing growth rates of nestlings remained relatively constant despite decreases 
in per-nestling feeding rates (Fig. 2e).  This result suggests that young of some species 
sacrifice mass to prioritize growth of wings in situations of increased risk and reduced 
food.  This response is similar to other predator-induced defenses that alter morphology 
to improve the probability of surviving a predator attack (e.g., Barry 1994; Relyea 2001; 
Cheng & Martin 2012; Martin 2015).  In short, declines in reproductive success across 
my study species support the general contention that perceived predation risk can impose 
demographic costs (Preisser et al. 2005; Zanette et al. 2011), but these costs must be 
weighed against benefits from risk responses.   
Other environmental factors, such as reduced food availability, may have 
contributed to observed declines in reproductive success along natural risk gradients in 
the absence of direct predation.  Yet, risk varied along the environmental gradient 
differently for different species, and even in opposite directions, but responses observed 
along risk gradients were consistent with risk as the major cause of this variation across 
species.  Moreover, experimental tests supported the causal role of risk.  Demographic 
costs (Fig. 3e) and nest abandonment (Fig. 5e) from increased perceived risk documented 
here suggest the existence of strong selection pressure for animals to choose safe 
breeding and foraging sites when encountering landscape variation in perceived risk.  
Preferences for safe breeding and foraging sites have been shown in fish, birds, and 
mammals (e.g., Werner et al. 1983; Brown & Kotler 2004; Emmering & Schmidt 2011; 
LaManna et al. 2015; Basille et al. 2015).  Thus, spatial and temporal variation in 
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perceived risk can have far reaching influences on habitat preferences, distributions, 
behaviors, life-history traits, offspring production in the absence of predation, and direct 
predation probabilities of species across taxa. 
In summary, behavioral and life-history responses to increased perceived 
predation risk were common across avian species.  Responses such as increased parental 
attentiveness yielded shorter development time and created benefits such as reduced 
predation probability.  Yet responses such as reduced parental provisioning created 
demographic costs by reducing offspring production in the absence of direct predation.  
Behavioral responses to perceived risk and associated costs also differed across life 
stages, emphasizing the value of considering effects of predation risk in the context of 
complex life histories (Martin 2015).  The magnitude of responses to risk and severity of 
demographic costs did not vary with average predation rates across species, but did vary 
predictably with the probability of repeat breeding.  Therefore, differences among species 
in residual reproductive value may be a more important factor determining variation in 
behavioral and life-history responses to risk and associated costs among species than 
average predation rates, especially when species differ substantially in the probability of 
future breeding.  
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FIGURE LEGENDS 
Figure 1. (a) Mean daily nest predation rates averaged over years and habitats (± 1 SE) 
and (b-e) standardized effect sizes (standardized regression coefficients ± 1 SE) of 
behavioral and developmental responses to perceived risk for 10 bird species breeding 
along natural nest predation risk gradients in western Montana, USA.  Parents adjusted 
(b) nest attentiveness and (c) egg mass in response to increasing risk.  Incubation period 
lengths (d) were shorter in riskier habitats, and stronger increases in nest attentiveness 
were associated with stronger declines in the length of developmental periods (e).  
Responses differed among single-brooded (light gray) and double-brooded (dark gray) 
species.  Species are arranged in order of increasing mean daily nest predation rate. 95% 
CIs that do not cross zero are denoted as *; 90% CIs that do not cross zero are denoted as 
†. NA indicates lack of sufficient sample size to analyze an effect (i.e., n < 5). 
 
Figure 2. Standardized effect sizes (standardized regression coefficients ± 1 SE) for 
behavioral and growth responses to increased perceived risk for 10 bird species breeding 
along natural nest predation risk gradients.  Parents adjusted (a) total parental 
provisioning rate and (b) per-nestling feeding rate in response to increased perceived risk. 
Species are arranged in order of increasing mean daily nest predation rate. 95% CIs that 
do not cross zero are denoted as *; 90% CIs that do not cross zero are denoted as †.  
Single-brooded (light gray) and double-brooded (dark gray) species are shown.  
Correlations are also shown between changes in per-nestling feeding rate (Standardized 
effect sizes ± 1 SE) and changes in nestling (c) mass, (d) tarsus, and (e) wing growth 
rates along natural risk gradients.   
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Figure 3. Standardized effect sizes (standardized regression coefficients ± 1 SE) for 
changes in the number of offspring or offspring survival with increasing perceived risk.  
Changes in (a) clutch size and (b) hatch success (proportion of eggs laid that hatched) 
combined to influence (c) the change in numbers of hatchlings with increased perceived 
risk.  Changes in (c) the number of hatchlings and (d) nestling survival (proportion of 
eggs hatched that successfully fledged) combined to influence (e) the change in numbers 
of fledglings with increased perceived risk.  95% CIs that do not cross zero are denoted 
as *; 90% CIs that do not cross zero are denoted as †.  Single-brooded (light gray) and 
double-brooded (dark gray) species are shown.  (f) The reduction in numbers of 
fledglings with increased risk (± 1 SE) was not associated with mean nest predation rates 
(± 1 SE) across bird species (each point is a species).   
 
Figure 4. Synthesis of behavioral and life-history responses to increased perceived 
predation risk along natural risk gradients and associated demographic costs.  Offspring 
predation risk is at the top, and direct and indirect effects of risk on all reproductive traits 
measured in this study are shown.  Correlations between responses of traits to risk and 
other responses or costs are also shown.  Positive effects are in blue, negative in red, and 
no clear effect is shown with a small gray arrow.  Green arrow indicates the effect of risk 
on egg mass that differs among species as a predictable function of residual reproductive 
value.  This differential effect among species then cascades down through the traits as 
depicted by arrows. 
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Figure 5. Treatment and control means (± 1 SE) for reproductive traits measured for four 
bird species in the increased perceived predation risk experiment in western Montana, 
USA.  Traits shown are (a) nest attentiveness, (b) incubation period length, (c) offspring 
numbers, (d) egg mass, and (e) nest abandonment.  Sample sizes of treatment and control 
nests are shown below bars.  
 
Figure 6. Treatment and control means (± 1 SE) for reproductive traits measured for four 
bird species in the increased perceived predation risk experiment in western Montana, 
USA.  Responses of (a) total parental provisioning rate, (b) per-nestling feeding rate, and 
growth rates of (c) mass, (d) tarsi, and (e) wings are shown. Sample sizes of treatment 
and control nests are shown below bars.   
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Appendix A. Natural risk gradients for 10 species breeding along a deciduous to conifer 
vegetation gradient in western Montana, USA.  Mean daily nest predation rate (± SE) for 
each forest stand in which a species bred is shown in relation to PC1, which measured a 
change from deciduous to conifer vegetation as indicated in the axis label.  Loess curves 
with estimated 95% CI are fit for visualization purposes.  Forest stands in which 
perceived predation risk was experimentally increased with predator playbacks are 
denoted by red squares.   
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Appendix B. Common and scientific names for 10 bird species breeding along natural 
risk gradients in western Montana, USA. Total sample sizes (n) of nests are shown for 
observational analyses along natural risk gradients and for the increased perceived 
predation risk experiment. Species are ranked by sample size along natural risk gradients. 
 
Common Name Scientific Name 
Natural 
Risk 
Gradient  
n 
Increased 
Perceived 
Predation Risk 
Experiment  
n 
American Robin Turdus migratorius 271 --- 
Warbling Vireo Vireo gilvus 238 --- 
Dusky Flycatcher Empidonax oberholseri 178 42 
Chipping Sparrow Spizella passerina  97 34 
Dark-eyed Junco Junco hyemalis 86 15 
Lincoln's Sparrow Melospiza lincolnii  54 --- 
White-crowned Sparrow Zonotrichia leucophrys 36 --- 
Swainson's Thrush Catharus ustulatus 19 4 
MacGillivray's Warbler Geothlypis tolmiei 18 --- 
Lazuli Bunting Passerina amoena 17 --- 
Totals   1,014 95 
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Appendix C. Phylogeny of study bird species used in this study.  Double-brooded (red) 
and single-brooded (blue) species are indicated.  Tree is a majority-rule consensus tree 
computed with program Mesquite from 1,000 trees obtained from BirdTree.org.  
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Appendix D. Nest predator vocalization rate (minutes of vocalizations per hour) for the 
two forest stands with the lowest mean vocalization rate (safe forest stands) and the two 
forest stands with the highest mean vocalization rate (risky forest stands). Mean 
vocalization rates for safe and risky forest stands are represented by black boxes. Black 
bars indicate mean vocalization rate ± 1 SD, and gray bars represent the full range of nest 
predator vocalization frequencies observed. The black arrow indicates the experimental 
increase in nest predator vocalization rate (+ 7.5 mins/hr over the course of a day) from 
natural background frequencies in safe stands (lower dashed line) to frequencies that 
approximate the mean predator vocalization rate in high-risk forest stands (upper dashed 
line). 
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Appendix E. Common and scientific names of nest predator and control species whose 
recorded vocalizations were used in the perceived predation risk experiment. 
Vocalizations were obtained from Cornell University’s Macaulay Library. 
 
Treatment Common Name Scientific Name 
Nest Predator Species Red Squirrel Tamiasciurus hudsonicus 
 Chipmunk Tamias spp. 
 Raven Corvus corax  
 Gray Jay Perisoreus canadensis  
 Steller's Jay Cyanocitta stelleri  
Control Species Cassin's Vireo Vireo cassinii  
  Western Tanager Piranga ludoviciana  
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Appendix F. Model lists for reproductive traits of birds breeding along natural risk 
gradients in western Montana, USA. Models were tested that included covariates for time 
of season (Julian Date), mean nest predation risk of the forest stand (Risk), age of egg or 
nestling (Age), and clutch size (CS). Null models including no fixed effects were also 
tested.  Models included a fixed effect of Julian date to control for changes in 
reproductive strategies over the course of a season (e.g., laying fewer or more eggs in 
later reproductive attempts).  Models for egg mass, nest attentiveness, and incubation 
period length also included clutch size to control for clutch size effects on traits 
independent from effects of risk.  Models for egg mass, total parental provisioning rates, 
and per-nestling feeding rates also included a fixed effect of egg or nestling age to control 
for water loss from eggs and increased feeding rates as nestlings grow.   
 
Models for clutch size, number of hatchlings, and 
number of fledglings 
Model 
Julian Date 
Risk 
Risk + Julian Date 
Null (no fixed effects) 
 
Models for egg mass 
Model 
Age 
CS + Age 
Julian Date + Age 
Julian Date + CS + Age 
Risk + Age 
Risk + CS + Age 
Risk + Julian Date + Age 
Risk + Julian Date + CS + Age 
Null (no fixed effects) 
Models for nest attentiveness & incubation period 
length 
Model 
CS 
Julian Date 
Julian Date + CS 
Risk 
Risk + CS 
Risk + Julian Date 
Risk + Julian Date + CS 
Null (no fixed effects) 
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Models for total parental provisioning rate and per-
nestling feeding rate 
Model 
Age 
Julian Date 
Julian Date + Age 
Risk 
Risk + Age 
Risk + Julian Date 
Risk + Julian Date + Age 
Null (no fixed effects) 
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Appendix G. All fixed effect estimates from top-ranked models (see Appendix F) for reproductive traits of bird species breeding 
along natural risk gradients in western Montana, USA. Results are presented for (a) clutch size, (b) egg mass, (c) nest attentiveness, 
(d) incubation period length, (e) number of hatchlings, (f) total parental provisioning rate, (g) per-nestling feeding rate, and (h) number 
of fledglings. Real estimates (in units of the reproductive trait), standardized effect size estimates (standardized regression coefficients 
± SE), and 95% CI are provided for each model parameter. Proportion of variance explained by each model’s fixed effects (R2) are 
also provided.  95% CIs that do not cross zero are denoted as *; 90% CIs that do not cross zero are denoted as †.  
(a) Clutch Size        
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
American Robin (n = 102) (Intercept) 3.67 0.09 (3.49,3.85) --- --- --- 
R2 = 0.04 Julian Date* -0.13 0.05 (-0.23,-0.03) -0.23 0.09 (-0.42,-0.05) 
Dusky Flycatcher (n = 95) (Intercept) 3.79 0.05 (3.69,3.89) --- --- --- 
R2 = 0.16 Risk* 0.12 0.04 (0.03,0.21) 0.25 0.09 (0.06,0.43) 
  Julian Date* -0.16 0.05 (-0.25,-0.07) -0.33 0.09 (-0.51,-0.14) 
Chipping Sparrow (n = 56) (Intercept) 3.82 0.06 (3.71,3.94) --- --- --- 
R2 = 0.05 Risk† 0.10 0.06 (-0.01,0.21) 0.24 0.13 (-0.02,0.49) 
Dark-eyed Junco (n = 53) (Intercept) 4.09 0.08 (3.93,4.26) --- --- --- 
R2 = 0.05 Julian Date* 0.14 0.07 (0.01,0.28) 0.27 0.13 (0.01,0.53) 
Warbling Vireo (n = 38) (Intercept) 3.50 0.10 (3.31,3.69) --- --- --- 
R2 = 0.05 Risk† -0.19 0.10 (-0.39,0.01) -0.30 0.15 (-0.6,0.01) 
Lincoln's Sparrow (n = 27) (Intercept) 4.33 0.14 (4.06,4.61) --- --- --- 
R2 = 0.17 Julian Date* -0.43 0.13 (-0.67,-0.18) -0.55 0.16 (-0.87,-0.24) 
Swainson's Thrush (n = 15) (Intercept) 3.80 0.11 (3.59,4.01) --- --- --- 
R2 = 0.30 Risk* 0.35 0.11 (0.13,0.57) 0.62 0.20 (0.23,1.02) 
White-crowned Sparrow (n = 21) (Intercept) 4.24 0.13 (3.98,4.50) --- --- --- 
Lazuli Bunting (n = 13) (Intercept) 2.92 0.11 (2.71,3.14) --- --- --- 
R2 = 0.29 Julian Date* 0.28 0.11 (0.06,0.50) 0.57 0.23 (0.12,1.02) 
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(a) Clutch Size (continued)        
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
MacGillivray's Warbler (n = 12) (Intercept) 4.17 0.12 (3.94,4.40) --- --- --- 
R2 = 0.50 Risk 0.23 0.15 (-0.06,0.52) 0.32 0.21 (-0.08,0.72) 
  Julian Date* -0.67 0.15 (-0.96,-0.38) -0.94 0.21 (-1.34,-0.53) 
 
 
 
 (b) Egg Mass         
Species Variable Real Estimate SE 95% CI Standardized Effect Size SE 95% CI 
American Robin  (Intercept) 6.71 0.10 (6.51,6.91) --- --- --- 
(n = 54 nests; 201 eggs) Risk* -0.28 0.09 (-0.46,-0.11) -0.40 0.13 (-0.65,-0.15) 
R2 = 0.19 Age* -0.24 0.03 (-0.30,-0.19) -0.34 0.04 (-0.42,-0.26) 
Dusky Flycatcher  (Intercept) 1.59 0.02 (1.56,1.63) --- --- --- 
(n = 51 nests; 191 eggs) Risk* 0.04 0.02 (0.01,0.07) 0.20 0.10 (0.02,0.39) 
R2 = 0.24 Julian Date* -0.05 0.02 (-0.08,-0.02) -0.26 0.09 (-0.43,-0.09) 
  Age* -0.10 0.01 (-0.11,-0.09) -0.53 0.03 (-0.59,-0.48) 
Chipping Sparrow (Intercept) 1.52 0.02 (1.47,1.56) --- --- --- 
(n = 38 nests; 149 eggs) Risk* -0.04 0.02 (-0.07,-0.01) -0.21 0.09 (-0.39,-0.03) 
R2 = 0.27 Julian Date† 0.03 0.02 (-0.01,0.06) 0.17 0.10 (-0.02,0.36) 
  Age* -0.08 0.01 (-0.10,-0.07) -0.48 0.03 (-0.55,-0.42) 
Dark-eyed Junco (Intercept) 2.08 0.03 (2.01,2.14) --- --- --- 
(n = 30 nests; 121 eggs) Risk* -0.07 0.03 (-0.14,-0.01) -0.32 0.15 (-0.61,-0.02) 
R2 = 0.12 Age* -0.10 0.01 (-0.12,-0.07) -0.43 0.05 (-0.53,-0.32) 
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(b) Egg Mass (continued)         
Species Variable Real Estimate SE 95% CI Standardized Effect Size SE 95% CI 
Warbling Vireo (Intercept) 1.70 0.02 (1.66,1.73) --- --- --- 
(n = 14 nests; 41 eggs) Risk* 0.05 0.02 (0.01,0.09) 0.28 0.10 (0.08,0.48) 
R2 = 0.30 Age* -0.13 0.01 (-0.15,-0.11) -0.68 0.06 (-0.80,-0.56) 
Lincoln's Sparrow (Intercept) 2.04 0.06 (1.91,2.16) --- --- --- 
(n = 14 nests; 57 eggs) Risk† 0.12 0.06 (-0.01,0.23) 0.42 0.21 (-0.01,0.84) 
R2 = 0.15 Age* -0.10 0.02 (-0.14,-0.07) -0.37 0.07 (-0.50,-0.23) 
Swainson's Thrush (Intercept) 3.15 0.10 (2.96,3.34) --- --- --- 
(n = 11 nests; 41 eggs) Age* -0.23 0.05 (-0.32,-0.13) -0.45 0.10 (-0.64,-0.26) 
R2 = 0.15               
White-crowned Sparrow (Intercept) 2.74 0.15 (2.45,3.03) --- --- --- 
(n = 17 nests; 61 eggs) Risk* -0.11 0.04 (-0.18,-0.03) -0.37 0.13 (-0.63,-0.11) 
R2 = 0.24 Age* -0.17 0.02 (-0.21,-0.12) -0.57 0.07 (-0.71,-0.42) 
Lazuli Bunting (Intercept) 1.73 0.02 (1.69,1.78) --- --- --- 
(n = 15 nests; 42 eggs) Risk* 0.06 0.03 (0.01,0.12) 0.35 0.16 (0.04,0.66) 
R2 = 0.23 Julian Date* 0.07 0.03 (0.01,0.13) 0.41 0.17 (0.08,0.74) 
  Age* -0.09 0.01 (-0.11,-0.07) -0.50 0.06 (-0.61,-0.39) 
MacGillivray's Warbler (Intercept) 1.67 0.05 (1.56,1.77) --- --- --- 
(n = 7 nests; 27 eggs) Risk* 0.18 0.05 (0.09,0.27) 0.99 0.25 (0.49,1.48) 
R2 = 0.34 Clutch Size* 0.10 0.04 (0.02,0.19) 0.57 0.22 (0.13,1.01) 
  Age* -0.10 0.01 (-0.13,-0.08) -0.55 0.07 (-0.68,-0.42) 
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(c) Nest Attentiveness (proportion of time parents incubate eggs)      
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
American Robin (n = 24) (Intercept) 0.84 0.02 (0.81,0.87) --- --- --- 
R2 = 0.09 Risk† 0.02 0.01 (-0.01,0.04) 0.39 0.19 (0.03,0.76) 
  Julian Date* 0.02 0.01 (0.01,0.03) 0.33 0.15 (0.04,0.62) 
Dusky Flycatcher (n = 25) (Intercept) 0.86 0.02 (0.83,0.89) --- --- --- 
R2 = 0.09 Risk* 0.04 0.01 (0.01,0.06) 0.59 0.22 (0.16,1.01) 
Chipping Sparrow (n = 11) (Intercept) 0.73 0.03 (0.67,0.78) --- --- --- 
R2 = 0.19 Risk* 0.08 0.03 (0.02,0.14) 0.64 0.23 (0.19,1.1) 
Dark-eyed Junco (n = 13) (Intercept) 0.66 0.05 (0.57,0.75) --- --- --- 
R2 = 0.20 Risk* 0.14 0.05 (0.04,0.23) 0.62 0.21 (0.2,1.04) 
  Clutch Size -0.08 0.05 (-0.18,0.01) -0.37 0.21 (-0.79,0.05) 
Warbling Vireo (n = 51) (Intercept) 0.95 0.01 (0.94,0.97) --- --- --- 
R2 = 0.04 Risk† 0.01 0.00 (-0.01,0.02) 0.23 0.13 (-0.03,0.49) 
  Julian Date† 0.01 0.01 (-0.01,0.02) 0.29 0.14 (-0.01,0.57) 
Lincoln's Sparrow (n = 9) (Intercept) 0.80 0.02 (0.76,0.85) --- --- --- 
R2 = 0.73 Risk* 0.01 0.00 (0.00,0.02) 0.17 0.07 (0.03,0.32) 
 Julian Date* 0.03 0.01 (0.02,0.04) 0.58 0.10 (0.38,0.77) 
  Clutch Size* 0.01 0.00 (0.01,0.02) 0.23 0.09 (0.06,0.39) 
Swainson's Thrush (n = 5) (Intercept) 0.73 0.04 (0.66,0.80) --- --- --- 
White-crowned Sparrow (n = 7) (Intercept) 0.70 0.01 (0.68,0.72) --- --- --- 
R2 = 0.72 Risk* 0.07 0.01 (0.05,0.09) 0.84 0.14 (0.56,1.12) 
  Clutch Size* 0.03 0.01 (0.01,0.06) 0.38 0.14 (0.1,0.66) 
Lazuli Bunting (n = 6) (Intercept) 0.80 0.01 (0.77,0.83) --- --- --- 
R2 = 0.64 Risk* 0.06 0.02 (0.03,0.10) 0.68 0.19 (0.31,1.05) 
 Julian Date* 0.04 0.02 (0.01,0.08) 0.47 0.18 (0.12,0.82) 
  Clutch Size* 0.08 0.02 (0.05,0.11) 0.86 0.17 (0.53,1.19) 
136 
 
        
(c) Nest Attentiveness (continued)   
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
MacGillivray's Warbler (n = 5) (Intercept) 0.73 0.04 (0.67,0.80) --- --- --- 
R2 = 0.42 Risk* 0.03 0.01 (0.01,0.04) 0.34 0.10 (0.15,0.53) 
 
 
(d) Incubation Period Length (days)        
Species Variable Real Estimate SE 95% CI Standardized Effect Size SE 95% CI 
American Robin (n = 17) (Intercept) 12.74 0.17 (12.41,13.07) --- --- --- 
R2 = 0.14 Risk* -0.46 0.17 (-0.80,-0.12) -0.54 0.20 (-0.94,-0.14) 
Dusky Flycatcher (n = 13) (Intercept) 14.04 0.14 (13.77,14.31) --- --- --- 
R2 = 0.36 Risk* -0.62 0.15 (-0.91,-0.32) -0.77 0.19 (-1.14,-0.40) 
  Julian Date* -0.44 0.15 (-0.74,-0.15) -0.55 0.19 (-0.92,-0.18) 
Chipping Sparrow (n = 10) (Intercept) 11.51 0.16 (11.19,11.83) --- --- --- 
R2 = 0.57 Risk* -0.93 0.14 (-1.21,-0.66) -0.96 0.14 (-1.24,-0.68) 
  Julian Date* -0.39 0.14 (-0.66,-0.12) -0.40 0.14 (-0.68,-0.12) 
Dark-eyed Junco (n = 9) (Intercept) 13.28 0.16 (12.96,13.60) --- --- --- 
R2 = 0.28 Risk* -0.55 0.17 (-0.89,-0.21) -0.72 0.23 (-1.17,-0.27) 
Warbling Vireo (n = 15) (Intercept) 13.68 0.14 (13.41,13.96) --- --- --- 
R2 = 0.47 Risk* -0.28 0.13 (-0.52,-0.03) -0.44 0.20 (-0.83,-0.04) 
 Julian Date* -0.18 0.07 (-0.31,-0.05) -0.29 0.11 (-0.50,-0.08) 
  Clutch Size* -0.22 0.06 (-0.33,-0.12) -0.35 0.09 (-0.52,-0.18) 
Lazuli Bunting (n = 5) (Intercept) 11.54 0.47 (10.61,12.46) --- --- --- 
R2 = 0.46 Risk* -0.79 0.19 (-1.15,-0.42) -0.68 0.16 (-1.00,-0.37) 
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(e) Number of Hatchlings         
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
American Robin (n = 67) (Intercept) 3.31 0.07 (3.17,3.45) --- --- --- 
R2 = 0.13 Risk* -0.16 0.08 (-0.31,-0.01) -0.25 0.12 (-0.49,-0.02) 
  Julian Date* -0.33 0.08 (-0.47,-0.18) -0.51 0.12 (-0.75,-0.28) 
Dusky Flycatcher (n = 75) (Intercept) 3.51 0.07 (3.36,3.65) --- --- --- 
R2 = 0.04 Julian Date* -0.18 0.07 (-0.32,-0.03) -0.27 0.11 (-0.49,-0.05) 
Chipping Sparrow (n = 37) (Intercept) 3.36 0.16 (3.04,3.69) --- --- --- 
R2 = 0.21 Risk 0.17 0.12 (-0.06,0.4) 0.22 0.15 (-0.07,0.51) 
  Julian Date* 0.31 0.12 (0.08,0.54) 0.40 0.15 (0.11,0.7) 
Dark-eyed Junco (n = 40) (Intercept) 3.60 0.12 (3.36,3.84) --- --- --- 
R2 = 0.05 Risk* -0.28 0.13 (-0.53,-0.04) -0.34 0.15 (-0.63,-0.04) 
Warbling Vireo (n = 32) (Intercept) 3.07 0.20 (2.68,3.47) --- --- --- 
Lincoln's Sparrow (n = 20) (Intercept) 3.93 0.18 (3.58,4.29) --- --- --- 
R2 = 0.12 Risk* -0.54 0.22 (-0.97,-0.11) -0.61 0.25 (-1.1,-0.12) 
  Julian Date* -0.54 0.21 (-0.95,-0.12) -0.60 0.24 (-1.07,-0.14) 
Swainson's Thrush (n = 8) (Intercept) 3.25 0.11 (3.04,3.46) --- --- --- 
R2 = 0.75 Risk* -0.33 0.16 (-0.64,-0.02) -0.47 0.22 (-0.9,-0.03) 
  Julian Date* -0.79 0.16 (-1.1,-0.49) -1.12 0.22 (-1.56,-0.69) 
White-crowned Sparrow (n = 14) (Intercept) 3.60 0.31 (2.99,4.21) --- --- --- 
R2 = 0.05 Risk -0.54 0.32 (-1.17,0.08) -0.40 0.24 (-0.86,0.06) 
Lazuli Bunting (n = 12) (Intercept) 3.00 0.12 (2.77,3.23) --- --- --- 
MacGillivray's Warbler (n = 13) (Intercept) 3.69 0.22 (3.26,4.12)   --- 
R2 = 0.23 Julian Date* -0.85 0.23 (-1.29,-0.4) -0.71 0.19 (-1.09,-0.33) 
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(f) Total Parental Provisioning Rate (visits/hr)       
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
American Robin (n = 36) (Intercept) 5.52 0.60 (4.34,6.70) --- --- --- 
R2 = 0.06 Julian Date -0.44 0.28 (-0.99,0.11) -0.20 0.13 (-0.45,0.05) 
  Age* 0.87 0.24 (0.40,1.34) 0.40 0.11 (0.18,0.61) 
Dusky Flycatcher (n = 44) (Intercept) 14.43 0.68 (13.11,15.76) --- --- --- 
R2 = 0.21 Age* 4.47 0.47 (3.56,5.39) 0.63 0.07 (0.50,0.76) 
Chipping Sparrow (n = 15) (Intercept) 5.66 0.54 (4.62,6.71) --- --- --- 
R2 = 0.07 Age* 0.87 0.33 (0.22,1.51) 0.42 0.16 (0.11,0.73) 
Dark-eyed Junco (n = 25) (Intercept) 5.60 0.46 (4.70,6.50) --- --- --- 
R2 = 0.17 Risk* -0.61 0.29 (-1.18,-0.04) -0.25 0.12 (-0.47,-0.02) 
  Age* 1.52 0.27 (0.99,2.06) 0.61 0.11 (0.40,0.82) 
Warbling Vireo (n = 13) (Intercept) 11.49 1.31 (8.91,14.07) --- --- --- 
R2 = 0.29 Risk* -3.51 1.66 (-6.77,-0.25) -0.63 0.30 (-1.21,-0.04) 
 Julian Date 1.56 0.98 (-0.36,3.47) 0.28 0.17 (-0.06,0.62) 
  Age* 1.41 0.63 (0.18,2.64) 0.25 0.11 (0.03,0.47) 
Lincoln's Sparrow (n = 12) (Intercept) 11.64 2.30 (7.14,16.14) --- --- --- 
R2 = 0.39 Risk* -2.53 0.87 (-4.24,-0.81) -0.51 0.18 (-0.85,-0.16) 
 Julian Date* -5.05 1.46 (-7.91,-2.19) -1.01 0.29 (-1.59,-0.44) 
  Age* 5.16 0.74 (3.70,6.61) 1.03 0.15 (0.74,1.32) 
Swainson's Thrush (n = 5) (Intercept) 6.23 0.49 (5.26,7.19) --- --- --- 
R2 = 0.42 Risk* -1.25 0.55 (-2.34,-0.17) -0.59 0.26 (-1.11,-0.08) 
  Age 1.03 0.55 (-0.06,2.11) 0.49 0.26 (-0.03,1.00) 
White-crowned Sparrow (n = 9) (Intercept) 9.04 1.02 (7.04,11.03) --- --- --- 
R2 = 0.38 Julian Date -1.26 0.82 (-2.87,0.36) -0.21 0.14 (-0.48,0.06) 
  Age* 4.41 0.82 (2.81,6.02) 0.74 0.14 (0.47,1.00) 
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(f) Total Parental Provisioning Rate (continued)       
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
Lazuli Bunting (n = 5) (Intercept) 5.96 0.22 (5.53,6.38) --- --- --- 
R2 = 0.45 Risk* 0.55 0.24 (0.08,1.01) 0.37 0.16 (0.06,0.69) 
  Age* 0.95 0.24 (0.49,1.42) 0.66 0.16 (0.34,0.97) 
MacGillivray's Warbler (n = 7) (Intercept) 7.19 0.62 (5.99,8.40) --- --- --- 
R2 = 0.20 Risk* -1.82 0.56 (-2.91,-0.72) -0.69 0.21 (-1.10,-0.27) 
  
 
 
(g) Per-nestling Feeding Rate (visits/hr)       
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
American Robin (n = 36) (Intercept) 1.67 0.24 (1.20,2.13) --- --- --- 
R2 = 0.05 Age* 0.22 0.07 (0.07,0.36) 0.30 0.10 (0.10,0.50) 
Dusky Flycatcher (n = 44) (Intercept) 4.33 0.14 (4.06,4.59) --- --- --- 
R2 = 0.28 Risk* -0.28 0.13 (-0.54,-0.01) -0.15 0.07 (-0.28,-0.01) 
 Julian Date† 0.30 0.16 (-0.01,0.61) 0.16 0.08 (-0.01,0.32) 
  Age* 1.16 0.15 (0.87,1.45) 0.61 0.08 (0.46,0.76) 
Chipping Sparrow (n = 15) (Intercept) 1.69 0.26 (1.18,2.20) --- --- --- 
R2 = 0.08 Risk* -0.33 0.14 (-0.61,-0.06) -0.57 0.24 (-1.05,-0.09) 
  Age† 0.19 0.09 (0.01,0.37) 0.32 0.16 (0.01,0.63) 
Dark-eyed Junco (n = 25) (Intercept) 1.70 0.12 (1.46,1.95) --- --- --- 
R2 = 0.14 Age* 0.48 0.10 (0.29,0.66) 0.55 0.11 (0.33,0.77) 
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(g) Per-nestling Feeding Rate (continued)       
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
Warbling Vireo (n = 13) (Intercept) 3.84 0.25 (3.34,4.33) --- --- --- 
R2 = 0.34 Risk* -0.93 0.30 (-1.51,-0.35) -0.68 0.22 (-1.11,-0.26) 
 Julian Date† 0.36 0.20 (-0.02,0.75) 0.27 0.14 (-0.01,0.55) 
  Age* 0.54 0.16 (0.23,0.85) 0.40 0.12 (0.17,0.63) 
Lincoln's Sparrow (n = 14) (Intercept) 2.65 0.17 (2.32,2.98) --- --- --- 
 Risk† -0.27 0.16 (-0.59,0.05) -0.27 0.16 (-0.58,0.05) 
R2 = 0.40 Age* 0.84 0.14 (0.57,1.12) 0.84 0.14 (0.57,1.11) 
Swainson's Thrush (n = 5) (Intercept) 2.29 0.56 (1.19,3.38) --- --- --- 
White-crowned Sparrow (n = 9) (Intercept) 2.27 0.14 (2.00,2.54) --- --- --- 
R2 = 0.44 Age* 0.92 0.14 (0.64,1.20) 0.84 0.13 (0.59,1.10) 
Lazuli Bunting (n = 5) (Intercept) 2.19 0.11 (1.97,2.4) --- --- --- 
R2 = 0.47 Risk† 0.23 0.12 (-0.01,0.47) 0.29 0.15 (-0.01,0.58) 
  Age* 0.60 0.12 (0.36,0.84) 0.74 0.15 (0.45,1.03) 
MacGillivray's Warbler (n = 7) (Intercept) 2.46 0.65 (1.18,3.74) --- --- --- 
R2 = 0.07 Age 0.33 0.20 (-0.07,0.72) 0.27 0.17 (-0.06,0.60) 
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(h) Number of Fledglings         
Species Variable 
Real 
Estimate 
SE 95% CI 
Standardized Effect 
Size 
SE 95% CI 
American Robin (n = 42) (Intercept) 3.32 0.13 (3.06,3.59) --- --- --- 
R2 = 0.12 Risk* -0.33 0.08 (-0.49,-0.17) -0.51 0.13 (-0.75,-0.26) 
  Julian Date* -0.20 0.08 (-0.36,-0.04) -0.30 0.13 (-0.55,-0.05) 
Dusky Flycatcher (n = 61) (Intercept) 3.30 0.12 (3.06,3.53) --- --- --- 
Chipping Sparrow (n = 34) (Intercept) 3.17 0.22 (2.73,3.61) --- --- --- 
R2 = 0.09 Julian Date* 0.32 0.13 (0.06,0.57) 0.39 0.16 (0.08,0.7) 
Dark-eyed Junco (n = 23) (Intercept) 3.42 0.19 (3.05,3.78) --- --- --- 
Warbling Vireo (n = 30) (Intercept) 2.83 0.15 (2.53,3.13)   --- 
R2 = 0.05 Julian Date* 0.33 0.16 (0.02,0.63) 0.36 0.17 (0.02,0.69) 
Lincoln's Sparrow (n = 31) (Intercept) 3.22 0.35 (2.54,3.91) --- --- --- 
R2 = 0.03 Julian Date† -0.26 0.13 (-0.51,0) -0.29 0.15 (-0.58,0) 
Swainson's Thrush (n = 6) (Intercept) 3.01 0.23 (2.56,3.46)   --- 
R2 = 0.84 Risk* -0.83 0.06 (-0.94,-0.71) -1.10 0.08 (-1.25,-0.95) 
  Julian Date* -1.13 0.05 (-1.23,-1.03) -1.50 0.07 (-1.63,-1.37) 
White-crowned Sparrow (n = 13) (Intercept) 3.08 0.34 (2.41,3.74) --- --- --- 
R2 = 0.07 Risk† -0.67 0.35 (-1.36,0.02) -0.46 0.25 (-0.95,0.02) 
Lazuli Bunting (n = 10) (Intercept) 3.10 0.17 (2.77,3.44) --- --- --- 
MacGillivray's Warbler (n = 15) (Intercept) 3.40 0.27 (2.87,3.93) --- --- --- 
R2 = 0.09 Risk* -0.62 0.28 (-1.16,-0.07) -0.50 0.22 (-0.94,-0.06) 
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Appendix H. Results from top-ranked models describing differences in asymptotic size (A), growth rate (K), and time of growth 
curve infection (ti).  Mean values are provided first, followed by the effect of a 1 SD change in predation risk on those parameters as 
well as any among or within nest correlations among parameters. Results are presented for mass growth, wing growth, and tarsus 
growth. 95% CIs that do not cross zero are denoted as *; 90% CIs that do not cross zero are denoted as †. 
  
Nestling Growth        
Species Variable 
Mass 
Growth 
Estimate 
95% CI 
Wing 
Growth 
Estimate 
95% CI 
Tarsus 
Growth 
Estimate 
95% CI 
American Robin  A 63.97 (62.06,65.87) 96.38 (94.21,98.55) 36.29 (35.72,36.85) 
(n = 66 nests; 216 nestlings) K 0.530 (0.516,0.543) 0.317 (0.309,0.324) 0.390 (0.380,0.399) 
 ti 4.52 (4.36,4.68) 8.04 (7.85,8.23) 3.74 (3.61,3.86) 
 Risk (A) 1.52 (-0.43,3.47) 3.01 * (0.19,5.83) -0.60 * (-1.18,-0.03) 
 Risk (K) 0.0125 (-0.003,0.028) -0.006 (-0.014,0.002) 0.002 (-0.009,0.013) 
  Risk (ti) 0.06 (-0.10,0.21) 0.22 † (-0.02,0.47) -0.08 (-0.20,0.05) 
Dusky Flycatcher  A 12.67 (12.37,12.97) 57.52 (55.55,59.5) 19.20 (18.89,19.51) 
(n = 51 nests; 174 nestlings) K 0.455 (0.447,0.463) 0.262 (0.256,0.269) 0.306 (0.298,0.314) 
 ti 4.78 (4.62,4.93) 9.24 (9.05,9.42) 3.59 (3.39,3.79) 
 Risk (A) 0.06 (-0.27,0.38) -0.94 (-2.88,0.99) 0.22 (-0.13,0.56) 
 Risk (K) -0.003 (-0.011,0.005) -0.004 (-0.011,0.002) -0.006 † (-0.013,0.002) 
  Risk (ti) 0.23 * (0.08,0.38) 0.20 * (0.002,0.40) 0.20 † (0.002,0.40) 
Chipping Sparrow A 12.70 (12.26,13.14) 55.12 (51.33,58.91) 19.92 (19.43,20.41) 
(n = 40 nests; 129 nestlings) K 0.560 (0.540,0.580) 0.385 (0.367,0.402) 0.401 (0.383,0.418) 
 ti 3.94 (3.73,4.14) 6.46 (6.06,6.86) 2.99 (2.78,3.21) 
 Risk (A) 0.48 † (-0.02,0.98) 1.19 (-3.73,6.10) 0.41 (-0.18,1.01) 
 Risk (K) -0.038 * (-0.058,-0.018) -0.003 (-0.024,0.017) -0.004 (-0.023,0.015) 
  Risk (ti) 0.42 * (0.20,0.64) 0.19 (-0.30,0.69) 0.28 * (0.06,0.49) 
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Species Variable 
Mass 
Growth 
Estimate 
95% CI 
Wing 
Growth 
Estimate 
95% CI 
Tarsus 
Growth 
Estimate 
95% CI 
Dark-eyed Junco A 16.34 (15.87,16.81) 72.16 (65.75,78.57) 21.95 (21.33,22.57) 
(n = 47 nests; 158 nestlings) K 0.528 (0.497,0.559) 0.308 (0.293,0.322) 0.424 (0.399,0.449) 
 ti 3.90 (3.80,4.01) 8.39 (7.81,8.97) 2.58 (2.38,2.78) 
 Risk (A) -0.24 (-0.77,0.29) 6.11 (-0.14,12.36) -0.42 (-0.93,0.10) 
 Risk (K) 0.020 (-0.007,0.048) 0.002 (-0.013,0.016) 0.024 * (0.002,0.046) 
  Risk (ti) -0.14 * (-0.26,-0.02) 0.09 (-0.46,0.64) -0.14 † (-0.31,0.02) 
Warbling Vireo A 11.68 (11.33,12.04) 57.18 (54.61,59.74) 19.06 (18.69,19.43) 
(n = 22 nests; 63 nestlings) K 0.490 (0.476,0.510) 0.278 (0.269,0.287) 20.320 (0.307,0.336) 
 ti 4.28 (4.05,4.51) 8.67 (8.27,9.07) 3.26 (3.00,3.53) 
 Risk (A) 0.37 (-0.12,0.87) 3.19 (-0.33,6.7) 0.35 (-0.13,0.84) 
 Risk (K) -0.027 * (-0.047,-0.007) -0.007 (-0.017,0.004) -0.020 * (-0.036,-0.003) 
 Risk (ti) 0.24 † (-0.04,0.52) 0.40 (-0.15,0.94) 0.27 (-0.05,0.59) 
Lincoln's Sparrow A 15.79 (15.36,16.22) 46.75 (43.83,49.67) 22.33 (21.84,22.82) 
(n = 31 nests; 112 nestlings) K 0.582 (0.548,0.616) 0.368 (0.347,0.389) 0.429 (0.398,0.460) 
 ti 3.26 (3.14,3.37) 5.58 (5.22,5.93) 2.32 (2.15,2.49) 
 Risk (A) 0.38 (-0.14,0.91) 0.40 (-2.85,3.66) -0.27 (-0.62,0.08) 
 Risk (K) -0.030 † (-0.061,0.002) -0.005 (-0.026,0.016) 0.025 (-0.015,0.065) 
  Risk (ti) 0.21 * (0.05,0.37) 0.20 (-0.20,0.60) -0.01 (-0.13,0.12) 
Swainson's Thrush A 25.20 (24.46,25.94) 78.80 (71.34,86.27) 30.13 (28.55,31.72) 
(n = 8 nests; 25 nestlings) K 0.613 (0.581,0.645) 0.316 (0.301,0.331) 0.391 (0.361,0.421) 
 ti 3.79 (3.55,4.04) 7.95 (7.33,8.57) 3.59 (3.35,3.83) 
 Risk (A) 0.38 (-0.33,1.10) -3.72 (-10.13,2.69) 0.83 (-0.81,2.47) 
 Risk (K) -0.043 * (-0.076,-0.010) 0.007 (-0.010,0.024) -0.008 (-0.040,0.024) 
  Risk (ti) -0.08 (-0.34,0.19) -0.42 (-0.95,0.11) 0.01 (-0.22,0.23) 
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Species Variable 
Mass 
Growth 
Estimate 
95% CI 
Wing 
Growth 
Estimate 
95% CI 
Tarsus 
Growth 
Estimate 
95% CI 
White-crowned Sparrow A 20.84 (19.51,22.17) 56.89 (51.26,62.53) 26.03 (25.35,26.70) 
(n = 19 nests; 63 nestlings) K 0.589 (0.550,0.628) 0.354 (0.330,0.380) 0.427 (0.392,0.462) 
 ti 3.36 (3.10,3.61) 6.21 (5.66,6.77) 2.45 (2.26,2.64) 
 Risk (A) 1.22 (-0.89,3.34) 3.38 (-10.54,17.31) 1.15 † (-0.18,2.48) 
 Risk (K) -0.019 (-0.074,0.036) -0.008 (-0.048,0.032) -0.030 (-0.080,0.020) 
  Risk (ti) 0.57 * (0.17,0.97) 0.51 (-0.76,1.77) 0.52 * (0.17,0.86) 
Lazuli Bunting A 14.12 (13.47,14.78) 54.34 (50,58.68) 18.26 (17.36,19.17) 
(n = 16 nests; 47 nestlings) K 0.523 (0.500,0.546) 0.378 (0.358,0.398) 0.395 (0.360,0.430) 
 ti 3.85 (3.57,4.12) 5.96 (5.55,6.36) 2.41 (2.14,2.68) 
 Risk (A) -0.25 (-0.89,0.39) -4.13 † (-8.45,0.20) -0.65 (-1.54,0.24) 
 Risk (K) 0.039 * (0.019,0.059) 0.012 (-0.008,0.032) 0.012 (-0.018,0.042) 
  Risk (ti) -0.33 * (-0.60,-0.06) -0.57 * (-0.97,-0.17) -0.29 * (-0.55,-0.02) 
MacGillivray's Warbler A 10.97 (10.47,11.48) 46.16 (42.06,50.26) 23.67 (22.85,24.49) 
(n = 13 nests; 49 nestlings) K 0.612 (0.582,0.642) 0.382 (0.362,0.402) 0.428 (0.400,0.456) 
 ti 3.25 (3.04,3.46) 5.63 (5.20,6.05) 2.92 (2.68,3.17) 
 Risk (A) 0.48 (-0.25,1.20) -0.60 (-6.39,5.19) 0.33 (-0.73,1.4) 
 Risk (K) -0.020 (-0.050,0.010) 0.010 (-0.020,0.040) -0.001 (-0.031,0.029) 
  Risk (ti) 0.29 * (0.03,0.54) 0.05 (-0.55,0.66) 0.25 † (-0.01,0.51) 
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Appendix I. Tables showing phylogenetically controlled (a) relationships between 
average daily nest predation risk (DNPR), if significant, the square of nest predation risk 
(DNPR2) and the magnitude of risk responses (absolute value of standardized effect 
sizes) across species, and (b) differences in risk responses among double- and single-
brooded species.  Trait responses to risk are those measured along natural risk gradients.  
The estimated slope (± SE), p-value, and overall fit of the model (R2) are also provided.  
Mean values (± SE) are also shown for single- and double-brooded species. Significant 
effects (p < 0.05) are denoted with *, and marginally significant (p < 0.10) effects are 
denoted with †. 
 
(a) Interspecific correlations between average nest predation rate and magnitude of risk 
response magnitude 
 
Magnitude of trait response to risk DNPR SE p R2 
Clutch Size -0.018 0.099 0.858 0.004 
Number of Hatchlings -0.141 0.091 0.161 0.230 
Number of Fledglings -0.046 0.127 0.726 0.016 
Clutch Mass -0.047 0.091 0.618 0.033 
Egg Mass -0.008 0.059 0.898 0.002 
Nest Attentiveness 0.029 0.077 0.720 0.017 
Incubation Period Length 0.029 0.077 0.720 0.017 
Change in Incubation Predation Rate 
from shorter Incubation Period 
-0.013 0.007 0.131 0.473 
Total Parental Provisioning Rate -0.100 0.082 0.256 0.158 
Per-nestling Feeding Rate -0.109 0.074 0.178 0.215 
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(b) Differences in anti-predator responses among double- and single-brooded species 
 
Magnitude of 
trait response to 
risk 
Difference SE p Single SE Double SE R2 
Clutch Size 0.179 0.168 0.319 0.167 0.144 -0.012 0.183 0.124 
Number of 
Hatchlings 
-0.134 0.182 0.482 -0.189 0.156 -0.055 0.198 0.064 
Number of 
Fledglings 
-0.214 0.219 0.357 -0.368 0.188 -0.154 0.238 0.107 
Clutch Mass* 0.811 0.204 0.004 0.397 0.129 -0.415 0.158 0.664 
Egg Mass* 0.678 0.132 0.001 0.240 0.113 -0.438 0.143 0.769 
Nest 
Attentiveness† 
-0.247 0.128 0.089 0.388 0.110 0.635 0.139 0.319 
Incubation 
Period Length 
0.148 0.152 0.377 -0.604 0.118 -0.752 0.127 0.158 
Change in 
Incubation 
Predation Rate 
from shorter 
Incubation 
Period† 
0.029 0.013 0.094 -0.020 0.009 -0.049 0.010 0.546 
Total Parental 
Provisioning 
Rate 
-0.190 0.221 0.416 -0.343 0.140 -0.153 0.171 0.084 
Per-nestling 
Feeding Rate 
-0.114 0.206 0.593 -0.292 0.130 -0.178 0.159 0.037 
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Appendix J. ANOVA tests for differences between treatment and control nests in the increased perceived predation risk experiment. 
Species in the experiment are (a) dusky flycatcher, (b) chipping sparrow, (c) dark-eyed junco, and (d) Swainson’s thrush. Sample 
sizes, means, standard errors (SE), F statistics, and p-values are provided. Significant effects (p < 0.05) are denoted as *; and 
marginally significant effects (p < 0.10) are denoted as †.  
 
(a) Dusky Flycatcher Increased Perceived Risk Experiment      
Variable 
Treat. 
n 
Control 
n 
Treat. 
Mean 
Treat. 
SE 
Control 
Mean 
Control 
SE 
F p 
Nest Abandonment 
(proportion)* 
25 17 0.32 --- 0.06 --- --- 0.042 
Clutch Size 14 12 3.71 0.13 3.83 0.14 0.36 0.551 
Egg Mass (g)* 7 10 1.78 0.07 1.65 0.07 7.66 0.013 
Nest Attentiveness* 8 8 0.88 0.01 0.84 0.01 8.19 0.012 
Incubation Period Length 
(days)* 
9 7 14.28 0.54 15.81 0.61 5.20 0.038 
Number of Hatchlings 9 8 3.33 0.23 3.38 0.24 0.02 0.901 
Total Nest Feeding Rate 
(visits/hr) 
6 5 14.58 2.01 15.39 2.11 0.08 0.781 
Per-nestling Feeding Rate 
(visits/hr) 
6 5 4.78 0.34 5.13 0.30 0.90 0.352 
Mass Growth: 11 7       
 A (asymptote; g)   12.43 0.18 12.41 0.28 < 0.01 0.949 
 K (growth rate)   0.459 0.007 0.481 0.012 2.29 0.131 
 ti (inflection time; days)*   5.04 0.09 4.22 0.14 20.16 < 0.001 
Wing Growth: 11 7       
 A (asymptote; mm)   60.00 2.86 61.67 2.15 0.34 0.559 
 K (growth rate)   0.260 0.009 0.255 0.007 0.23 0.629 
 ti (inflection time; days)   9.73 0.34 9.26 0.25 2.04 0.155 
         
 
148 
 
(a) Dusky Flycatcher Increased Perceived Risk Experiment (continued)     
Variable 
Treat. 
n 
Control 
n 
Treat. 
Mean 
Treat. 
SE 
Control 
Mean 
Control 
SE 
F p 
Tarsus Growth: 11 7       
 A (asymptote; mm)   18.85 0.23 18.95 0.36 0.05 0.826 
 K (growth rate)   0.316 0.007 0.316 0.011 < 0.01 0.974 
 ti (inflection time; days)   3.61 0.13 3.22 0.21 2.14 0.145 
Wing:Mass Growth Rate Ratio 11 7 0.57 0.02 0.53 0.02 1.61 0.220 
Tarsus:Mass Growth Rate Ratio 11 7 0.69 0.02 0.66 0.03 0.90 0.356 
Number of Fledglings 7 4 3.19 0.35 2.39 0.43 3.25 0.107 
 
 
 
 
(b) Chipping Sparrow Increased Perceived Risk Experiment      
Variable 
Treat
. n 
Contro
l n 
Treat. 
Mean 
Treat. 
SE 
Control 
Mean 
Control 
SE 
F p 
Nest Abandonment (proportion)* 20 12 0.50 --- 0.17 --- --- 0.049 
Clutch Size 10 7 3.60 0.20 3.71 0.24 0.02 0.894 
Egg Mass (g)* 6 7 1.40 0.06 1.49 0.07 6.03 0.030 
Nest Attentiveness† 5 7 0.76 0.05 0.63 0.04 4.48 0.057 
Incubation Period Length (days)* 2 4 10.50 0.32 12.25 0.23 19.60 0.004 
Number of Hatchlings 3 4 2.67 0.26 3.25 0.22 2.88 0.133 
Total Nest Feeding Rate 
(visits/hr)* 
3 5 4.31 0.68 6.58 0.54 6.84 0.030 
Per-nestling Feeding Rate 
(visits/hr)* 
3 5 1.63 0.24 2.36 0.19 5.69 0.043 
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(b) Chipping Sparrow Increased Perceived Risk Experiment (continued)     
Variable 
Treat
. n 
Contro
l n 
Treat. 
Mean 
Treat. 
SE 
Control 
Mean 
Control 
SE 
F p 
Mass Growth: 3 5       
 A (asymptote; g)*   12.08 0.46 11.04 0.22 5.15 0.025 
 K (growth rate)   0.599 0.047 0.609 0.027 0.05 0.830 
 ti (inflection time; days)*   3.47 0.23 2.89 0.12 6.39 0.013 
Wing Growth: 3 5       
 A (asymptote; mm)   56.54 2.31 51.53 1.33 1.18 0.281 
 K (growth rate)   0.382 0.011 0.415 0.010 2.35 0.129 
 ti (inflection time; days)*   6.42 0.23 5.31 0.16 5.60 0.020 
Tarsus Growth: 3 5       
 A (asymptote; mm)*   20.02 0.77 16.58 0.52 4.96 0.028 
 K (growth rate)*   0.388 0.028 0.550 0.035 8.48 0.004 
 ti (inflection time; days)*   2.86 0.21 1.67 0.11 7.72 0.007 
Wing:Mass Growth Rate Ratio 3 5 0.64 0.07 0.68 0.04 0.32 0.59 
Tarsus:Mass Growth Rate Ratio† 3 5 0.65 0.08 0.90 0.07 4.59 0.06 
Number of Fledglings 2 4 2.50 0.35 2.50 0.25 0.01 0.990 
 
 
 
(c) Dark-eyed Junco Increased Perceived Risk Experiment      
Variable 
Treat. n Control n 
Treat. 
Mean 
Treat. 
SE 
Control 
Mean 
Control 
SE 
F p 
Nest Abandonment (proportion)* 10 8 0.30 --- 0.00 --- --- 0.041 
Clutch Size 7 5 4.00 0.00 4.00 0.00 0.02 0.894 
Egg Mass (g)* 8 6 2.25 0.06 2.43 0.07 5.20 0.041 
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(c) Dark-eyed Junco Increased Perceived Risk Experiment (continued)  
Variable 
Treat. n Control n 
Treat. 
Mean 
Treat. 
SE 
Control 
Mean 
Control 
SE 
F p 
Nest Attentiveness† 3 3 0.79 0.07 0.61 0.07 3.75 0.099 
Incubation Period Length (days) 2 2 12.25 0.38 13.00 0.38 --- --- 
Number of Hatchlings 1 2 4.00 1.41 3.00 1.00 --- --- 
Total Nest Feeding Rate (visits/hr) 3 3 7.14 1.60 6.51 1.83 0.12 0.746 
Per-nestling Feeding Rate (visits/hr) 3 3 2.12 0.43 2.10 0.47 < 0.01 0.981 
Mass Growth: 3 3       
 A (asymptote; g)   18.30 0.42 18.74 0.49 0.27 0.602 
 K (growth rate)*   0.417 0.010 0.483 0.013 9.87 0.003 
 ti (inflection time; days)   4.32 0.11 4.15 0.10 0.57 0.454 
Wing Growth: 3 3       
 A (asymptote; mm)   65.71 3.05 65.51 3.17 < 0.01 0.974 
 K (growth rate)   0.337 0.009 0.339 0.010 0.02 0.894 
 ti (inflection time; days)   6.91 0.28 7.09 0.28 0.11 0.746 
Tarsus Growth: 3 3       
 A (asymptote; mm)   23.30 0.54 23.04 0.72 0.06 0.811 
 K (growth rate)   0.420 0.017 0.401 0.020 0.32 0.576 
 ti (inflection time; days)*   2.21 0.13 2.78 0.18 4.93 0.030 
 Wing:Mass Growth Rate Ratio* 3 3 0.81 0.03 0.70 0.03 7.13 0.037 
 Tarsus:Mass Growth Rate Ratio* 3 3 1.01 0.05 0.83 0.05 6.87 0.040 
Number of Fledglings 1 2 4.00 1.41 3.00 1.00 --- --- 
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(d) Swainson's Thrush Increased Perceived Risk Experiment    
Variable 
Treat. 
n   
Control 
n 
Treat. 
Mean 
Treat. 
SE 
Control 
Mean 
Control 
SE F p 
Nest Abandonment (proportion) 2 2 0.00 --- 0.00 --- --- --- 
Clutch Size 2 2 3.50 0.35 3.50 0.35 --- --- 
Egg Mass (g) 2 2 3.44 0.10 3.30 0.12 --- --- 
Nest Attentiveness 1 2 0.80 0.01 0.77 0.01 --- --- 
Incubation Period Length (days)* 1 2 11.00 0.07 13.00 0.05 --- --- 
Number of Hatchlings 1 2 2.00 0.71 3.50 0.50 --- --- 
Total Nest Feeding Rate (visits/hr) 1 2 4.86 0.67 5.98 0.28 --- --- 
Per-nestling Feeding Rate (visits/hr)* 1 2 2.66 0.34 1.72 0.26 --- --- 
Number of Fledglings 1 2 2.00 0.71 3.50 0.50 --- --- 
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CHAPTER 4 
 
INDIRECT PREDATION COSTS DECREASE FITNESS ACROSS SPECIES, BUT 
NOT AS MUCH AS DIRECT PREDATION MORTALITY 
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ABSTRACT 
Increased predation risk can cause behavioral and physiological responses that reduce the 
probability of direct predation mortality but cause other demographic costs.  These 
indirect demographic costs from predation risk might decrease fitness and population 
growth far beyond direct predation costs alone, but the relative impacts of direct and 
indirect predation costs on fitness across species in natural systems remain unclear.  I 
measured direct nest predation rates as well as indirect benefits and costs of parental 
responses to offspring predation risk (i.e., changes in nesting period lengths and 
reproductive success) for 10 songbird species breeding along natural nest predation risk 
gradients.  I then estimated the relative influence of these direct and indirect predation 
effects on fitness.  Indirect predation costs strongly decreased fitness for five of 10 
species relative to direct predation costs.  However, indirect predation costs decreased 
fitness far less than direct predation costs across species, and direct predation rates were a 
stronger predictor of overall variation in fitness due to predation across species.  Thus, 
indirect demographic costs from predation risk are important to consider, but average 
predation rates appear to reflect the cumulative fitness costs from predation.      
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INTRODUCTION 
Individuals of any given species are distributed across a ‘landscape of fear’ (sensu 
Laundré et al. 2010) characterized by changes in predation risk among habitat types (Fig. 
1a).  Variation in risk across the landscape is a powerful ecological force, determining 
rates of direct predation mortality, individual fitness, and even shaping the distributions 
and abundances of species (Robinson et al. 1995; Marchand and Litvaitis 2004; Creel and 
Christianson 2008; LaManna et al. 2015).  Behavioral and physiological responses to 
increased predation risk can reduce the probability of direct predation but also create 
additional indirect demographic costs as seen in aquatic species (Lima and Dill 1990; 
Preisser et al. 2005), amphibians (Relyea and Auld 2004), mammals (Creel et al. 2007), 
and birds (Fontaine and Martin 2006; Zanette et al. 2011; Ibáñez-Álamo et al. 2015).  
These indirect costs are often unmeasured, especially for terrestrial species or in natural 
(i.e., non-experimental) settings.  Yet, they can potentially decrease fitness far beyond 
direct predation rates alone (Fig. 1b, 1c; Creel and Christianson 2008); as seen across 
aquatic species (Preisser et al. 2005).  Moreover, few studies have assessed the fitness 
benefits of behavioral responses to risk, but these benefits can mitigate any indirect 
predation costs.  Thus, an integration of the relative effects on fitness of direct predation 
mortality and indirect costs and benefits from behavioral responses to risk is needed to 
evaluate whether direct or indirect effects of predation have a greater relative influence 
on fitness across species.   
Average predation rates are commonly used to index the relative influence of 
predation risk on fitness (e.g., Martin 1995; Relyea 2001).  Average predation rates may 
indeed reflect the cumulative direct and indirect fitness costs from predation if indirect 
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costs are relatively small relative to direct costs across species (Fig. 1c, 1d).  
Alternatively, variation in indirect predation costs among species might be sufficient to 
uncouple the assumed relationship between direct predation rates and cumulative 
predation costs (Fig. 1e, 1f).  For example, indirect predation costs were unrelated to 
average predation rates across 10 songbird species, but decreased with residual 
reproductive value across species instead (Clark 1994; LaManna and Martin in revision).  
As a result, differences in average predation rates across species may not necessarily 
index cumulative demographic costs or selection exerted by predation among species 
(Fig. 1f; Creel and Christianson 2008).  Instead, life-history traits, like differences in 
residual reproductive value, may wield greater influence on the cumulative fitness costs 
from predation across species. 
 We used individual-based demographic models (DeAngelis and Gross 1992; 
Lloyd et al. 2005) to assess the relative influence of direct and indirect costs from 
predation on fitness across 10 songbird species.  Daily nest predation rates (i.e., direct 
predation costs) varied along habitat gradients (LaManna et al. 2015).  Parent birds also 
responded to increased nest predation risk with behavioral responses that reduced the 
length of embryonic development periods (i.e., incubation periods; Fig. 2a), thereby 
reducing the probability of time-dependent nest mortality.  However, increased predation 
risk was also associated with fewer offspring fledging from each nest in the absence of 
direct predation (Fig. 2b).  I used individual variation in habitat-based nest predation risk 
within each species to estimate direct and indirect effects of predation on fitness and 
compare the relative influence on fitness of these direct and indirect effects across 
species.  I also evaluated whether average predation rates or residual reproductive value 
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were associated with direct, indirect, and cumulative direct and indirect predation costs 
across species. 
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METHODS 
I monitored nests and measured nest traits for 10 songbird species from 16 May to 15 
August, 2009-2014, on 20 forest stands that varied in relative composition of deciduous 
to coniferous vegetation in western Montana, USA (LaManna et al. 2015, LaManna and 
Martin in revision).  Nest predation rates varied along this vegetation gradient for all 10 
bird species, but some species had higher nest predation rates in conifer vegetation while 
others had higher nest predation rates in deciduous vegetation (Appendix B; LaManna et 
al. 2015).  Thus, nest predation risk varied across species in opposing directions along the 
environmental gradient, providing a strong natural back-drop for testing phenotypic 
responses to and demographic costs from nest predation risk across species.   
I searched for nests of all bird species.  I obtained sufficient data for 10 single- 
and double-brooded species to estimate variation in reproductive traits along the natural 
risk gradients (Appendix B; Appendix C).  Single-brooded species have a lower 
probability of future breeding than double-brooded species because the probability of 
surviving to the next breeding season is quite low (~40–50%) compared to the probability 
of survival during the breeding season (~99%; Sillett & Holmes 2002).  If single-brooded 
species nests are depredated, they will only attempt to re-nest one or two times per year 
while double-brooded species will generally re-nest as many times as possible within a 
breeding season (T.E.M., J.A.L., pers. obs.).  Thus, the probability that a single-brooded 
species will re-nest again is much lower than for a double-brooded species, yielding 
higher residual reproductive value for the double-brooded species.   
I visited each nest every two days to measure nest predation rates, but I visited 
nests twice daily around critical transition dates (e.g., during egg laying, hatching, and 
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fledging) to accurately measure incubation period lengths as well as egg and nestling 
ages.  Red squirrel (Tamiasciurus hudsonicus), chipmunk (Tamias spp.), gray jay 
(Perisoreus canadensis), Steller’s jay (Cyanocitta stelleri), and common raven (Corvus 
corax) were potential nest predators in my study system.  I calculated perceived predation 
risk (hereafter predation risk) by estimating daily nest predation rates specific to each 
forest stand, each year, and the time of year (i.e., Julian date).  I assigned each nest a risk 
value based on its forest stand, year, and time of year.  I then tested for associations 
between this risk level and traits measured at nests (e.g., clutch size, incubation period 
length, growth rates, number of fledglings) with mixed linear models (see LaManna and 
Martin in revision).  I also increased perceived predation risk with predator playbacks 
around target nests, largely verifying trait responses to increased risk along the natural 
risk gradients.  Parents generally increased the proportion of time spent incubating eggs 
with increased perceived predation risk, leading to faster embryonic development periods 
(i.e., shorter incubation period lengths) across species (Fig. 2a).  However, numbers of 
fledglings in the absence of direct predation generally declined with increased predation 
risk across all 10 species (Fig. 2b, Appendix A; LaManna and Martin in revision).   
Therefore, increases in nest predation risk across the landscape simultaneously 
increased direct predation costs (i.e., daily nest predation rates) as well as indirect 
benefits (i.e., reduced time-dependent mortality from shorter embryonic development 
periods) and costs (i.e., fewer fledglings from nests in the absence of direct predation) 
resulting from behavioral responses to increased risk (Fig. 1b).  While these direct and 
indirect predation effects covaried across the landscape, they were measured separately 
and their independent influence on fitness can be estimated with models that adjust one 
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demographic cost while holding the other cost constant.  For each species, I used 
individual-based demographic models to calculate variation in population-wide fitness 
due to changes in direct nest predation rates alone as well as due to changes in both direct 
and indirect predation effects.   
For each nest in my dataset (n = 1,014, see Appendix C for sample sizes by 
species), I first estimated the annual production of female fledglings per pair per breeding 
season (𝛽; see Pulliam 1988, Llyod et al. 2005).  A simple individual-based model (1 × 
104 iterations) was used to calculate 𝛽⁡based on observed daily nest predation rates (i.e., 
direct predation costs), nesting period length (i.e., indirect fitness benefit of behavioral 
responses to predation risk), and numbers of fledglings per nest in the absence of direct 
predation (i.e., indirect predation costs).  Each individual had the length of the observed 
nesting season for a given species (i.e., number of days between first and last nest 
initiated in a summer) in which to initiate a nest (Appendix D).  The model had the 
following rules: (1) all individual began laying on day 1 of the nesting season; (2) nests 
failed with a probability equal to the given daily nest predation rate each day; (3) nests 
that survive the length of the nesting period for a given species fledged the given number 
of young per successful nest; (4) all individuals whose nests fail re-lay after waiting a 
species-specific number of days based on the literature (Appendix C), unless the end of 
the nesting season or maximum number of re-nest attempts for that species has been 
reached; (5) species that normally attempt two or more broods per year were allowed to 
re-lay after waiting a species-specific number of days based on the literature (Appendix 
C); (6) species that normally only fledge one brood per season were not allowed to 
initiate a second brood (see Appendix C, Appendix D).  Single-brooded species were 
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restricted to a maximum of three nesting attempts, and double-brooded species were 
allowed to re-nest after nest failure as many times as allowed within the constraints of the 
nesting season (T. E. Martin, J. A. LaManna, pers. obs.).  Thus, life-history differences in 
the number of nesting attempts and broods per year among species, which heavily 
influence fitness outcomes among species in nature (Nagy and Holmes 2005), were also 
allowed to influence fitness outcomes among species in these models.   
I estimated 𝛽 for each nest in my dataset using two alternative models: (1) a 
model that only incorporated individual variation in daily nest predation rates within 
populations for each species (direct-only model); and (2) a model (direct-and-indirect 
model) that incorporated both individual variation in daily nest predation rates as well as 
variation in nesting periods and number of fledglings that covaried with variation in daily 
nest predation rates along natural predation risk gradients (Fig. 2a, 2b).  For the direct-
only model, I estimated 𝛽 using only individual variation in my measure of daily nest 
predation rates (based on the forest stand, year, and time of season in which the nest was 
found) but kept the length of the nesting period and the number of fledglings per 
successful nest constant within a species.  For this direct-only approach, I used nesting 
period length and number of fledglings associated with the median daily nest predation 
rate for each species (LaManna and Martin in revision).  This first model gave us changes 
in 𝛽 associated with individual variation in daily nest predation rates only (no indirect 
predation effects).  A second model included both direct and indirect predation effects.  
For this direct-and-indirect model, I estimated 𝛽 using individual variation in my measure 
of daily nest predation rates but allowed nesting period length and number of fledglings 
from successful nests to change as a species-specific function of daily nest predation rates 
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as observed along natural predation risk gradients (Fig. 2a, 2b; LaManna and Martin in 
revision).  Thus, both models produced population-wide variation in 𝛽 for each species, 
but the first model produced variation in 𝛽 due to direct predation alone while the second 
produced variation in 𝛽 due to both direct and indirect predation effects.  
For each value of 𝛽, I then calculated fitness with the following equation: fitness 
= 𝑃𝐴 + 𝑃𝐽𝛽, where 𝑃𝐴 is the probability of annual adult female survival, 𝑃𝐽 is the 
probability of juvenile female survival from fledging to the following breeding season, 
and 𝛽 is the production of female fledglings per pair per breeding season (Pulliam 1988).  
Annual adult survival estimates (𝑃𝐴) from previous studies were used (Appendix C), and 
juvenile female survival (𝑃𝐽) was assumed to be 50% of adult survival, as hypothesized 
for north-temperate passerines (Greenberg 1980; Temple and Cary 1988; Lloyd et al. 
2005).  These methods follow previously published methods examining variation in 
fitness due to habitat-related changes in direct predation rates (Lloyd et al. 2005).  I then 
measured the population-level variance in fitness due to direct predation rates only 
(variance in fitness from the direct-only model) and variance in fitness due to both direct 
and indirect predation effects (variance in fitness from the direct-and-indirect model).  I 
then determined the contribution of indirect predation effects to total population variation 
in fitness by subtracting the variance in fitness due to direct predation mortality from the 
variance in fitness due to both direct and indirect predation effects (i.e., variance in 
fitness from the direct-and-indirect model minus variance in fitness from the direct-only 
model).  Thus, three values were obtained for each species: (1) population variance in 
fitness due to increases in direct predation rates alone; (2) population variance in fitness 
due to indirect predation effects; and (3) population variance in fitness due to both direct 
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predation mortality and indirect predation effects.  In some cases, indirect predation 
effects had a net-positive influence on fitness (e.g., stronger reductions in nesting period 
length relative to decreases in numbers of fledglings with increased risk).  For these 
species, total variance in fitness from direct and indirect predation effects was less than 
total variance in fitness from direct effects only.  Thus, these species have a negative 
value for variance in fitness due to indirect predation effects, indicating that behavioral 
responses to increased predation risk ameliorate the influence of increasing direct 
predation rates on fitness. 
I also compared the relative influence on fitness of direct predation costs, indirect 
predation costs, and both direct and indirect predation costs by performing a weighted 
ANOVA meta-analysis across species.  These meta-analyses were weighted by the error 
around estimates of direct nest predation rates and indirect predation costs for each 
species (LaManna and Martin in revision).  I also used linear models that accounted for 
phylogenetic history to test whether average direct predation rates or the severity of 
indirect predation costs (i.e., the standardized effect size of the change in numbers of 
fledglings with increased predation risk) were better indices for total population variance 
in fitness due to cumulative direct and indirect predation effects (using package ‘caper;’ 
Orme et al. 2013).  For these models, I used a majority-rule consensus tree computed 
with program Mesquite (Maddison and Maddison 2015) from 1,000 trees obtained from 
BirdTree.org (Jetz et al. 2012). 
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RESULTS 
Increased nest predation risk generally reduced the length of the nesting period (Fig. 2a) 
and the number of fledglings per successful nest in the absence of direct predation (Fig. 
2b) across species.  Not surprisingly, direct predation mortality reduced fitness for all 
species (red bars in Fig. 2c).  Combined indirect predation effects (costs and benefits) 
further reduced fitness for seven of 10 species (orange bars in Fig. 2c).  Yet the relative 
contributions of direct and indirect predation effects to variance in fitness varied widely 
among species (Fig. 2c).  For some species, like MacGillivray’s warbler, Swainson’s 
thrush, and White-crowned sparrow, behavioral responses to increased perceived risk 
(indirect predation effects) reduced fitness more strongly than direct predation rates.  Yet 
for some species, like dusky flycatcher, dark-eyed junco, and American robin, indirect 
predation effects had relatively miniscule effects on fitness compared to direct predation 
mortality.  Thus, the relative influence of direct and indirect predation effects on fitness 
were highly variable across species, but indirect predation costs had greater influence on 
fitness than direct costs for only three of the 10 species.    
Across species, direct predation mortality was the dominant predation cost 
influencing fitness (Fig. 2c).  When averaged across species, direct and indirect predation 
effects accounted for 91% and 9% of total predation-related variation in fitness 
respectively (Fig. 2c).  Thus, while indirect predation effects can reduce fitness as 
strongly as direct predation mortality for some species, direct predation mortality is the 
dominant cost from predation across species.  This result was further verified by the 
strong increase in predation-related variation in fitness with average direct predation rates 
across species (Fig. 3a).  Furthermore, differences in average nest predation rates among 
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species were a better predictor of total predation-related variation in fitness than the 
severity of indirect predation costs (Fig. 3b).   
Life-history differences also appeared to influence fitness costs from predation 
across species.  Total predation-related variance in fitness was higher in double-brooded 
species than in single-brooded species (R2 = 0.65, p = 0.005; Fig. 4a), likely reflecting 
higher average daily nest predation rates for double- than for single-brooded species.  
However, total predation-related variance in fitness remained significantly higher for 
double- than for single-brooded species even after correcting for differences in average 
daily predation rates among species (R2 = 0.74, p = 0.035).  Variance in fitness due to 
indirect predation effects alone also appeared to be higher for single- than for double-
brooded species (Fig. 4b), although the difference was not significant.   
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DISCUSSION 
Demographic costs from behavioral and physiological responses to increased predation 
risk had variable effects on fitness across 10 songbird species (Fig. 2).  At one extreme, 
the influence of indirect predation costs on fitness was stronger than direct predation 
mortality for three of 10 species (Fig. 2).  Yet five species experienced minimal to no 
reductions in fitness from indirect predation costs, and behavioral responses to increased 
perceived predation risk actually had a net fitness benefit (i.e., reduced variance in fitness 
from cumulative predation costs relative to variance in fitness from direct costs only) for 
three species (Fig. 2c).  Thus, the influence of indirect predation effects on fitness varied 
widely among species, but strongly reduced fitness relative to direct predation mortality 
for some species. 
Variation in fitness from indirect predation effects was nearly one-tenth the 
variation in fitness from direct predation mortality when averaged across all 10 songbird 
species (Fig. 2c).  In contrast, a meta-analysis across mostly aquatic invertebrate species 
found that predation risk alone had as strong, if not stronger, effects on prey fecundity, 
survival, density, or population growth rates as direct predation mortality (Preisser et al. 
2005).  Yet, the same meta-analysis also observed generally weaker indirect predation 
costs in the few terrestrial species examined (all grasshoppers).  Stronger fitness costs 
from indirect than from direct predation effects in aquatic compared to terrestrial systems 
might be due to more readily available chemical predator cues in water (Preisser et al. 
2005).  Stronger indirect predation costs in aquatic systems might also be due to the 
suspected higher prevalence of trophic cascades in water (Strong 1992) because trophic 
cascades are associated with stronger indirect predation costs (Preisser et al. 2005).  The 
 
166 
 
reasons why indirect predation costs are stronger relative to direct predation costs in 
aquatic versus terrestrial systems remains unclear, largely due to the historical bias 
towards studying indirect predation costs in water.  Moreover, many aquatic experiments 
may have inadvertently overestimated indirect predation costs because prey encounter 
artificial levels of chemical predator cues that exceed those of natural systems.  These 
results, however, support the hypothesis that direct predation mortality has a stronger 
relative influence on fitness than indirect predation effects in terrestrial systems.   
These results also suggest that species with higher probability of repeat breeding, 
or greater residual reproductive value (Clark 1994), are more strongly influenced by 
direct than by indirect predation costs.  Variation in fitness from cumulative predation 
costs was much higher for double- than for single-brooded species (Fig. 4a).  This 
difference remained after correcting for higher average predation rates in double-brooded 
species.  Reproductive output in risky habitat for single-brooded species, which typically 
attempt only three nesting attempts per season, may not differ greatly from reproductive 
output in safer habitat for single-brooded individuals because these species only produce 
a maximum of one brood per season.  However, double-brooded species in safer habitat 
may be able to produce two or even three times the number of young (two to three 
successful broods) than double-brooded species in risky habitat that might produce one 
successful brood at best.  Moreover, reductions in embryonic development periods 
reduced probability of time-dependent nest mortality more for double-brooded species 
than for single-brooded species (LaManna and Martin in revision).  These greater fitness 
benefits from behavioral responses to increased risk for double-brooded species were 
associated with lower overall indirect predation costs for these species relative to single-
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brooded species (Fig. 4b).  These results suggest that the relative influence of direct 
predation costs on fitness increases and the relative influence of indirect predation costs 
decreases with increasing residual reproductive value or probability of repeat breeding 
across species. 
While the relative contributions of direct and indirect predation costs to fitness 
varied across species, variance in fitness from cumulative predation costs increased with 
average predation rates across species (Fig. 3a).  In contrast, the relative severity of 
indirect predation costs across species did not predict cumulative predation costs (Fig. 
3b).  Even though the severity of indirect predation costs did not increase with average 
predation rates across species (LaManna and Martin in revision), average predation rates 
still reflected the cumulative fitness costs from predation.  This relationship most likely 
held because indirect predation costs were relatively small compared to direct predation 
rates (Fig. 2c).  Therefore, indirect predation costs may not need to be measured in 
studies examining predation effects on demography or trait evolution across many 
species (e.g., Martin 1995; Conway and Martin 2000; Ghalambor and Martin 2001) 
because these results suggest that average predation rates appropriately index overall 
predation selection (Martin and Briskie 2009).   
However, these demographic models indicate that studies examining predation 
effects on one or a few species should attempt to measure indirect predation costs as well 
as direct predation mortality.  Habitat suitability, population growth rate, and predation 
selection on trait evolution are often measured for a given species without taking indirect 
predation costs into consideration (Creel and Christianson 2008).  Yet indirect predation 
costs can reduce fitness as much as direct predation for some species (Fig. 2c).  Ignoring 
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indirect predation costs may have particularly worrisome implications for the designation 
and conservation of suitable habitat for threatened or endangered species.  Overall, these 
results demonstrate that increased predation risk alone can strongly reduce fitness across 
species, but the relative influence on fitness from direct and indirect predation costs 
varies widely among species.  Nonetheless, rates of direct predation mortality appear to 
be the dominant influence of predation on fitness for terrestrial vertebrate species as well 
as a suitable index for the cumulative fitness costs of predation across species.  
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FIGURE LEGENDS 
Figure 1. Predation risk can vary for any species across the (a) landscape of fear.  (b) 
High-risk habitats (red habitat) have higher direct predation rates (e.g., more empty nests) 
than low-risk habitats (green habitat).  However, fewer young are produced in high-risk 
compared to low-risk habitat because of behavioral and physiological responses to 
increased risk (i.e., indirect predation costs).  (c) Changes in fitness due to direct 
predation costs and cumulative direct and indirect predation costs for three hypothetical 
species that differ in average predation rates (e.g., due to life-history differences).  
Naturally, direct predation mortality will have a larger effect on fitness (dashed orange 
lines) for species with higher average direct predation rates (dashed orange line for 
species 3 compared to species 2 or 1).  If indirect predation costs are relatively constant 
or do not strongly influence fitness across species, then (d) total variation in fitness from 
predation will increase with average direct predation rates across species.  More 
importantly, predation rates will reflect total predation selection on trait evolution and the 
full impacts of predation on population growth. (e) However, if indirect predation costs 
strongly influence fitness across species, then (f) total variation in fitness from predation 
may not increase with average direct predation rates across species.  In this case, 
predation rates will not reflect total predation selection on trait evolution nor the full 
impacts of predation on population growth. 
 
Figure 2. Observed changes in (a) nesting period length (i.e., number of days from egg 
laying to nest fledgling), and (b) number of fledglings per successful nest with increasing 
daily nest predation rates for 10 songbird species breeding along natural predation risk 
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gradients in western Montana, USA.  (c) Variance in population-wide fitness due to 
indirect predation effects (i.e., (a) and (b) above; orange bars), due to direct predation 
rates (red bars), and due to cumulative direct and indirect predation costs (blue bars).  
Error bars indicate 1 SE for the weighted averages across species.  Average variance in 
fitness (± 1 SE) due to indirect, direct, and both indirect and direct costs across species 
are weighted by the error around estimates of direct nest predation rates and indirect 
predation costs for each species.   
 
Figure 3. Relationships across 10 breeding songbird species between (a) average daily 
nest predation rate (± SE) and total variance in fitness from cumulative predation costs 
(i.e., direct and indirect predation costs combined), and (b) the severity of indirect 
predation costs (± 1 SE) and total variance in fitness from cumulative predation costs.  
The severity of indirect predation costs represents a standardized effect size for the 
reduction in number of fledglings from successful nests (higher values equal more severe 
declines in reproductive success, or greater indirect predation costs).  Dashed lines 
indicate best-fit regression lines informed by phylogenetic relationships among songbird 
species.   
 
Figure 4. (a) Average variance in fitness from cumulative direct and indirect predation 
effects (± 1 SE) for single- and double-brooded species.  (b) Average variance in fitness 
due to indirect predation effects (± 1 SE) for single- and double-brooded species.  
Averages and error bars are informed by phylogenetic relationships among songbird 
species.  
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Figure 1.  
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Figure 2.  
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Figure 3. 
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Figure 4. 
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APPENDIX A. Supplementary Methods 
To measure direct predation rates, I searched for nests of all bird species.  I obtained 
sufficient data for 10 species to estimate variation in reproductive success along the 
natural risk gradients (LaManna and Martin 2015).  Nests were classified as either 
depredated or not based on absence of nest contents when too young to have fledged, egg 
shells in the nest, disturbed nest lining, or video recordings of predation events.  These 
data were used to estimate daily nest predation rates with logistic exposure methods 
(Shaffer 2004).  I also assessed the number of young fledged from each nest based on the 
number of fledglings fed by parents after leaving the nest and based on the count of 
nestlings in the nest within two days of fledging.   
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APPENDIX B. Natural risk gradients for 10 species breeding along a deciduous to 
conifer vegetation gradient in western Montana, USA.  Mean daily nest predation rate (± 
SE) for each forest stand in which a species bred is shown in relation to PC1, which 
measured a change from deciduous to conifer vegetation as indicated in the axis label.  
Loess curves with estimated 95% CI are fit for visualization purposes.  Forest stands in 
which perceived predation risk was experimentally increased with predator playbacks are 
denoted by red squares.     
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APPENDIX C. Life-history parameters of 10 songbird species used in demographic models. Mean daily nest predation rate (DNPR), 
sample size of nests for estimating DNPR (DNPR n), number of fledglings per non-depredated nest at mean DNPR (Mean FLDG), 
sample size of nests used to estimate the change in number of fledglings with predation risk (FLDG n), annual adult survival, length of 
nesting season (number of days in which nests were observed active), nesting period (number of days between first egg laid and nest 
fledging), maximum allowed nesting attempts for single-brooded species, time (in days) required to wait after nest failure before 
renesting, time (in days) required to wait after nest success before renesting (for double-brooded species), and whether a species is 
single or double brooded are provided for each species. Please see Llyod et al. (2005) for additional method details for demographic 
models. 
 
Common Name Scientific Name 
Mean 
DNPR 
DNPR 
n 
Mean 
FLDG 
FLDG 
n 
Annual 
Adult 
Survival1 
Nesting 
Season 
(days) 
Nesting 
Period 
(days) 
Maximum 
Renest 
Attempts2 
Time 
after nest 
failure3 
Time 
after nest 
success3 
Double/ 
Single-
brooded 
Warbling Vireo  Vireo gilvus 0.0085 273 2.85 30 0.557 64 28 3 8 --- single 
MacGillivray's Warbler  Oporornis tolmiei 0.0091 21 2.98 15 0.491 55 23 3 7 --- single 
Dusky Flycatcher  Empidonax oberholseri 0.0166 192 3.29 61 0.577 70 32 3 7 --- single 
Lazuli Bunting  Passerina amoena 0.0213 18 3.07 10 0.517 50 22 3 7 --- single 
Dark-eyed Junco  Junco hyemalis 0.0287 91 3.38 23 0.565 88 26 --- 4 7 double 
Swainson's Thrush  Catharus ustulatus 0.0302 17 2.68 6 0.595 57 28 3 7 --- single 
Chipping Sparrow  Spizella passerina 0.0312 113 3.30 32 0.566 75 23 --- 5 9 double 
White-crowned Sparrow  Zonotrichia leucophrys 0.0329 40 2.75 13 0.504 74 24 --- 5 7 double 
American Robin  Turdus migratorius 0.0385 293 3.31 42 0.546 97 28 --- 6 7 double 
Lincoln's Sparrow  Melospiza lincolnii 0.0388 54 3.05 31 0.554 72 24 3 6 --- single 
1 Survival estimates from Martin 1995 or unpublished capture-recapture estimates (T. E. Martin, unpublished data) 
2 Renest attempts assumed three for single-brooded species 
3 Times to wait before renesting after nest failure and success are from Llyod et al. 2005 or assumed 7 days if no data available 
Lloyd, P., T. E. Martin, R. L. Redmond, U. Langner, and M. M. Hart. 2005. Linking demographic effects of habitat fragmentation 
across landscapes to continental source-sink dynamics. Ecological Applications 15:1504-1514. 
Martin, T. E. 1995. Avian life history evolution in relation to nest sites, nest predation, and food. Ecological Monographs 65:101-127. 
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Appendix D. Number of female offspring produced per year due to individual variation in direct predation rates alone (direct-only 
model) and due to direct and indirect predation effects (i.e., changes in the length of the nesting period and numbers of fledglings with 
increased risk) were estimated by running 10,000 iterations of this model for each nest of each species observed in the dataset (total n 
= 1,014 nests).  Below is an example iteration for an individual lazuli bunting nest.  60 boxes represent each day in the nesting season 
for this species (Appendix C).  All individuals begin a nest on the first day of the nesting season (green = active nest).  Each new day, 
an active nest fails with the probability equal to the daily nest predation rate specific to the forest stand, year, and time of season of a 
nest.  In this hypothetical example, the nest is initiated three times, and depredated twice.  Individuals must wait a species-specific 
amount of time once the nest is depredated (e.g., days 6-12 or 24-30; Appendix C).  If the nest survives for the length of the nesting 
period (in this case, 21 days), then that individual fledges either a constant number of fledglings (direct-only model) or the number of 
fledglings associated with the daily nest predation rate of the nest (direct-and-indirect model; see Fig. 2b).  In addition, the length of 
the nesting season was allowed to change as a function of the daily nest predation rate of a nest in the direct-and-indirect model to 
represent reductions in the nesting period with increased perceived risk (Fig. 2a).  
 
